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Abstract

Denitrification in sediments is a key microbial process that removes excess fixed nitrogen, while dissimilatory nitrate reduc-
tion to ammonium (DNRA) converts nitrate to ammonium. Although microorganisms are responsible for essential nitrogen
(N) cycling, it is not yet fully understood how these microbially mediated processes respond to toxic hydrophobic organic
compounds (HOCs) and metals. In this study, we sampled long-term polluted sediment from the outer harbor of Oskarshamn
(Baltic Sea), measured denitrification and DNRA rates, and analyzed taxonomic structure and N-cycling genes of microbial
communities using metagenomics. Results showed that denitrification and DNRA rates were within the range of a national
reference site and other unpolluted sites in the Baltic Sea, indicating that long-term pollution did not significantly affect these
processes. Furthermore, our results indicate an adaptation to metal pollution by the N-cycling microbial community. These
findings suggest that denitrification and DNRA rates are affected more by eutrophication and organic enrichment than by
historic pollution of metals and organic contaminants.
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Introduction

Nitrogen loading has increased globally in many coastal sea-
scapes, mainly due to the increase in agricultural food pro-
duction and use of chemical fertilizers [1]. This has implica-
tions for coastal ecosystems resulting in enhanced primary
productivity and eutrophication with episodic hypoxia in
bottom water and sediments [1, 2]. Particularly the Baltic
Sea ecosystem has a history of exposure to eutrophica-
tion with bottom water and sediment hypoxia and anoxia
[3]. Microbial denitrification is the main route of nitrate
(NO;") and nitrite (NO, ™) removal in coastal zones [1].
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This anaerobic process reduces NO;~ and NO, ™ into gaseous
nitrogen compounds and typically occurs directly below the
oxic sediment surface in coastal environments [4]. Bottom
water NO,~ concentrations and nitrification in the oxic sedi-
ment surface regulate the availability of NO,™ for denitrifica-
tion in the underlying sediment [4]. Through several redox
reduction steps, NO;™ is ultimately reduced to nitrogen gas
(N,) [5]. Each step is carried out by enzymes encoded by
specific genes and this information has been used in various
studies to investigate and compare denitrification gene diver-
sity, abundance, or gene expression. For example, the genes
nirS and nirK encode for nitrite reductases (NO,™ to NO),
and nosZ encodes for nitrous oxide reductase responsible for
the final step in the denitrification pathway (N,O to N,) [e.g.,
6, 7, 8]. While denitrification provides a route for removal of
bioavailable nitrogen (N), dissimilatory nitrate reduction to
ammonium (DNRA) instead recycles NO;~ to NH,* [5, 6].
This is an important process that internally recycles fixed N
via mineralization/release of NH,* followed by subsequent
nitrification to NO;~. Compared to denitrification, DNRA
thus prevents NO;~ being lost as N,-gas, potentially support-
ing eutrophication [7]. Studies investigating DNRA target
the gene nrfA that encodes for a nitrite reductase enzyme
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used in DNRA [8]. In addition, the gene nirB encodes for a
nitrate reductase used in DNRA but might also be used in
assimilatory nitrate reduction [9]. The key roles of sediment
microorganisms in these processes of cycling essential nitro-
gen [10] between sediment and water [11], together with the
prevalent industrial pollution of urbanized coastal areas, call
for a better understanding of how and whether the microbial
community’s functioning is impacted in industrially polluted
coastal sediments.

Both pollution by toxic compounds (e.g., metals and
organic contaminants) and nutrient loading of coastal eco-
systems have dramatically increased during the last cen-
tury as a result of industrial processes, land use changes,
increased agricultural practices, and the excessive use of
fertilizers [2, 12, 13]. Of particular environmental and soci-
etal concern is the pollution by toxic metals and persistent
hydrophobic organic compounds (HOCs), such as polychlo-
rinated dibenzodioxins (PCDD) and dibenzofurans (PCDF),
because of their high toxicity and long-term effect on biota
[14, 15]. Industrially emitted metals often reach concentra-
tions in the sediment that have been shown to be toxic to
macrofauna but may also select for species with a tolerance
to metals [14, 16]. Previous research indicates that at least
some microscopic animals (e.g., specific nematodes) can
develop tolerance and survive in sediment with persistent
organic contaminants and/or toxic metals [17-19]. Tolerance
to metals and hydrophobic organic compounds has, however,
been shown to be considerably more common among bacte-
ria due to highly diverse bacterial metabolic capacities and
rapid genetic and physiological adaptation [20, 21].

There is currently a lack of studies investigating how high
concentrations of metals in sediments affect DNRA rates;
however, some previous studies have shown that high con-
centrations of, e.g., Cd, lead (Pb), copper (Cu), and zinc (Zn)
in sediment can inhibit microbial denitrification [22, 23].
Broman et al. [24], on the other hand, found increased deni-
trification rates in sediment exposed to small amendments
of Cd (1 mg Cd kg~! ww sediment) and suggested that this
was a result of fluctuating oxygen conditions and cadmium
sulfide formation causing reduced metal bioavailability.
The presence of toxic metals has been found to change the
diversity and reduce the abundance of denitrifying bacteria
[25], which might explain some of the different effects on
denitrification rates observed in previous studies. Compared
to metals, less is known about how persistent organic con-
taminants may influence denitrification rates. In a 60-day
laboratory study, Lindgren et al. [26] observed lower deni-
trification rates over time, indicating that petroleum hydro-
carbons might decrease denitrification rates. However, it is
unknown if and how long-term exposures of benthic micro-
bial communities in the field to historical emissions of both
metals and persistent organic pollutants (such as PCDD/
Fs) may affect the metabolic capacity of benthic microbial
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communities for nitrogen transformation processes denitri-
fication and DNRA in the sediment.

In this study, we sampled coastal polluted Baltic Sea
sediments with the aim of investigating to what extent the
nitrogen transformation by sediment microbial communities
is affected by historic industrial emissions of toxic metals
and dioxins (PCDD/Fs). To address this aim, we analyzed
sediment from the contaminated outer harbor of Oskarshamn
in south-west Sweden at two stations with different levels of
pollution. For reference sediment, we used one of the Swed-
ish marine field reference sites that has little or no industrial
pollution, the Uttervik Bay near the Asko Marine Laboratory
in the western Baltic Sea. From the collected sediment, we
(i) measured denitrification and DNRA rates and (ii) inves-
tigated the microbial community composition, diversity,
and relative abundance of genes for nitrogen cycling, metal
resistance, and degradation of organic pollutants using a
metagenomics approach. We hypothesized that the polluted
harbor sediment would have (1) lower denitrification and
DNRA production rates than reported for unpolluted sites
in the Baltic Sea; (2) a low relative abundances of deni-
trification and DNRA genes, but high genetic capacity for
resistance to metals and to degrade organic pollutants; and
(3) different bacterial and archaeal taxonomic diversity when
compared with sediment communities from less polluted
sediments.

Materials and Methods
Field Sampling

Polluted sediment was collected on June 27 in 2020, with the
research vessel R/V Electra, from the outer harbor of the town
Oskarshamn, western Baltic Sea, Sweden. This harbor has a
100 years of history of pollution of metals and persistent organic
contaminants due to an adjacent copper plant (no longer active),
a Cd-nickel (Ni) battery factory, and shipyards [27]. While the
sediment in the inner harbor (not sampled in this study) has been
suction-dredged to reduce contamination levels of metals and
some of the highest PCDD/PCDFs concentrations so far noted in
Sweden [27-31], the outer harbor sediment, which we sampled
in this study, has not been remediated [for a map of the harbor
area, see [32]. The outer harbor sediments have been reported by
environmental consultants to have high concentrations of met-
als (e.g., Cu, Zn, and Pb with values >5 times above national
reference standard values) and organic pollutants such as dioxins
[33]. Sediment was collected from the outer harbor for denitri-
fication and DNRA rate measurements (isotope pairing tech-
nique (IPT) incubations), DNA extractions, total organic carbon
(TOC) and nitrogen (TN), and metals and PCDD/PCDFs analy-
ses. Samples were collected from two locations ca 130 m apart
in the outer harbor: station OSK 1 (16 m water depth; WGS84
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coordinates: Lat 57.264483, Long 16.481950; Fig. S1) and
station OSK 2 (15.5 m water depth; WGS84 coordinates: Lat
57.265733, Long 16.482300). The sediment was collected using
a modified box corer [34] with insert transparent acrylic liners
(surface area: 756.25 cm?; length and width: 27.5%27.5 cm). To
collect undisturbed bottom water and sediment, the box cores
were subsampled on deck immediately after collection using
small transparent acrylic sediment tube cores (cylinders; inner
diameter 4.6 cm, length 30 cm). From each station, two box
cores were collected. Nine tube cores were subsampled from
the first box and 8 tube cores were sampled from the second
box. For the station OSK 1, four cores from box 1 and three
cores from box 2 were sliced directly on the boat (top 0—1 cm
sediment surface) into S0-mL centrifuge tubes (Sarstedt), while
for station OSK 2 four cores that were sampled from box 1 were
sliced. The sediment samples were stored at—20 °C and were
later used for DNA extraction (OSK 1 n=7, OSK 2 n=4). The
remaining sampled sediment cores that had not been sliced
(n=10 per station) were closed with rubber stoppers, kept at
8 °C overnight and later used for the ’NO;~ IPT incubation to
measure denitrification and DNRA rates. Bottom water (~25 L
per station) was collected before the sediment collection using
10-L Niskin bottles connected to a Rosette sampler. This water
was later used to submerse the sediment cores for the IPT incu-
bation in the laboratory. In parallel, a CTD connected to the
Rosette was used to measure in situ temperature, oxygen, and
salinity profiles of the water column (SEABird SBE 911 plus).
All samples for DNA extraction were transported back to the
university on dry ice, and intact sediment cores were transported
in a cooling box filled with ice packs. Surficial sediment samples
(0—4 cm) for PCDD/Fs and metal analyses (As, Ba, Cd, Co, Cr,
Cu, Hg, Ni, Pb, V, Zn) were collected on the same day from
additional boxes containing bottom water and sediment (one box
was collected from each station using the box corer as described
above). The boxes were part of another experiment and were
kept aerated until November 18 at 8—16 °C before being sub-
sampled. A total of four randomly selected locations inside each
box were subsampled using a syringe (5 mL sediment from each
spot), pooled and stored at—20 °C until further analysis.

An identical sampling approach using the same research
vessel, sampling equipment, and type of material was con-
ducted at the Swedish national marine monitoring reference
site stations, near the Askod Laboratory station [35, 36], in
the Uttervik Bay: station ASK (17 m water depth, WGS84
coordinates: Lat 58.843577, Long 17.544748; Fig. S1), on
August 10 during 2020. There is no industry in this area and
ASK has no known history of being affected by local metal
pollution sources and previous Cd concentration measure-
ments have shown Cd concentrations of ~19 pg kg™! dry
weight (dw) at the 0—1 cm sediment surface [24], which is
well below the national threshold of 0.5 mg kg™! dw set by
the Swedish Environmental Protection Agency [37]. Simi-
larly to OSK 1, two box cores were collected and 9 tube

cores were subsampled from the first box while 8 tube cores
were subsampled from the second box. Four of the cores
from box 1 and three cores from box 2 were sliced directly
on the boat to be used for DNA extraction (n=7), while
the remaining 10 cores were used for IPT incubation. Water
column properties were determined and bottom water was
sampled as described above. Finally, one additional box
was collected, kept aerated, and subsampled for metals and
PCDD/Fs as described above.

Denitrification and DNRA Rate Measurements

Following sampling, the ten collected cores that were not used
for slicing were stored, kept in darkness at 10 °C, and submersed
in a bath consisting of collected in situ bottom water that was
aerated with air stones for 6 days. Externally driven magnetic
bars inside the cores were used to continuously mix the water
inside the cores to ensure aeration. To increase microbial activity
during the IPT incubation, the temperature was changed to 13 °C
until the IPT incubation started 5 days later.

The IPT incubation followed the experimental design
described by Nielsen [38] and closely followed the protocol
described in Broman et al. [24]. In brief, the cores were
spiked with '*NO, and pre-incubated for 1.5 h to allow '°N
to homogenize with the in situ 14N inside the cores [39].
The cores were then closed using a rubber stopper and incu-
bated for 6 h, followed by collection of water samples from
each core for N, analysis (n=9 per station) and dissolved
15NH4+ (n=29 per station). Full details of the methods used
for the IPT incubation are available in the supplementary
information.

Sediment Characteristics and Water Analyses

Sediment porosity was measured on a portion of sampled
sediment collected in the field (O—1 cm) and was calculated
by dividing the water content (sediment dried at 60 °C for
3 days) by the known bulk volume (5 mL). Organic carbon
and nitrogen content were measured by acidifying dry sedi-
ment (20 mg) with HCI1 (1 M) over night at 60 °C to remove
inorganic carbon and analyzed using a C/N elemental analyzer
(Thermo Scientific Flash 2000). Samples for metal analyses
were sent to ALS Scandinavia, Sweden and analyzed accord-
ing to the standards ISO 11464:2006 [40] and SS-EN ISO
17294-2:2016 [41]. In brief, the sediment was dried, sieved
(<2 mm), heated and digested in 7 M HNO;, and analyzed
by inductively coupled plasma (ICP) (see Table 1 for a list
of metals that were measured). Because of the large differ-
ence in contaminants between the sites (i.e., much less at
ASK), the ASK station required more sediment for PCDD/F
analysis. Therefore, in addition to the samples collected with
syringes, the ASK box was also subsampled on January 25
in five random locations with acrylic cores (inner diameter:

@ Springer



E. Broman et al.

4.6 cm, length: 30 cm length) and the top 0-3 cm sliced (ca
50 mL sediment per slice) and pooled. Samples for PCDD/Fs
were sent to OEKOMETRIC GmbH, Germany and analyzed
according to the SS-EN 16,190:2019 standard [42]. In brief,
samples were dried, extracted with toluene using pressurized
liquid extraction (ASE 180 °C, 140 bar), multicolumn clean-
up (multi-silica, ALOX), and analyzed using a gas chromatog-
raphy high-resolution mass spectrometry (GC-HRMS) (see
Table 2 for a list of dioxins and furans measured). A total of
17 congeners were analyzed known to be of toxic relevance
and bio-accumulative by organisms in marine sediments [43].

Samples from the water phase of the cores were ana-
lyzed for NH,* and NO,™ + NO,~ that were measured
with standard colorimetric methods indophenol-blue and
naphthalene-based azo dye, respectively [44], using a
spectrophotometer.

DNA Extraction and Sequencing

DNA was extracted from 2 g of sediment using the DNeasy
PowerMax Soil kit (Qiagen), and the DNA was stored

Table 1 Field variables measured in situ (bottom water: tempera-
ture, salinity, O,), subsamples taken from the collected bottom water
directly before the IPT experiment (NO,” +NO;~, NH,*; n=3), sur-
face layer (0—1 cm) sediment variables (porosity, Core» N), and meas-
ured concentrations of metals in the sediment (0—4 cm surface layer).
All heavy metal values are shown as mg kg™! dw

OSK 1 OSK?2 ASK NRV*
Temperature °C 16.05 16.05 17.17
Salinity (ppt) 7.21 7.21 6.61
0, (mg L™ 6.27 6.27 8.11
NO, +NO;” (uM)  15+04 15x+04 0.6+0.5
NH,* (uM) 1.1£0.1 1.1+0.1 1.2+1.1
Porosity (%) 86 90 90
Corg (%) 7.03 9.37 5.00
N (%) 0.84 1.16 0.68
Core/N ratio 8.37 8.08 7.35
As 12.1 13.2 54 17.0
Ba 54.1 74.1 114.0 -
Cd 3.0 25 0.4 0.5
Co 9.1 8.2 14.5 20.4
Cr 26.0 30.8 61.2 48.0
Cu 86.5 66.8 44.8 30.0
Hg 1.4 0.3 <0.2 0.12
Ni 29.9 34.8 40.7 45.0
Pb 104.0 61.3 34.6 40.0
v 31.8 34.0 63.6 -
Zn 227.0 138.0 175.0 127.5

“Heavy metal values considered high with a significant deviation
from national reference values (NRV) according to Swedish EPA
(2000). Dashes denote that no reference value is available
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Table2 Measured concentrations of PCDD/Fs in the sediment
(04 cm surface layer). All values are shown as ng kg~! dw. Note that
there are no national reference values for these compounds in sedi-
ments

PCDD/F OSK 1 OSK 2 ASK
PCDDs Total TetraCDD 16 8 11
Total PentaCDD 26 13 15
Total HexaCDD 30 21 33
Total HeptaCDD 41 16 41
2,3,7,8-TCDD <04 <04 <04
1,2,3,7,8-PeCDD 1 0.5 0.9
1,2,3,4,7,8-HxCDD 1.9 0.7 0.9
1,2,3,6,7,8-HxCDD 22 1.1 2.3
1,2,3,7,8,9-HxCDD 1.8 0.8 1.6
1,2,3,4,6,7,8-HpCDD 21 8.3 19
OCDD 91 32 66
PCDFs Total TetraCDF 112 60 48
Total PentaCDF 164 65 59
Total HexaCDF 203 76 32
Total HeptaCDF 276 90 26
2,3,7,8-TCDF 7.8 2.9 4.2
1,2,3,7,8-PeCDF 11 4.5 2.7
2,3,4,7,8-PeCDF 8.1 33 4.5
1,2,3,4,7,8-HxCDF 37 12 3.6
1,2,3,6,7,8-HxCDF 19 6.7 3.8
1,2,3,7,8,9-HxCDF 32 1.1 <04
2,3,4,6,7,8-HxCDF 11 54 37
1,2,3,4,6,7,8-HpCDF 166 52 17
1,2,3,4,7,8,9-HpCDF 29 9.6 1.9
OCDF 693 208 23

at—20 °C in 2 mL elution buffer (solution C6). DNA was
precipitated and concentrated x 10 with NaCl, EtOH, and
Tris as described in the DNeasy PowerMax Soil kit. The
final DNA quality and quantity were determined with a
NanoDrop 1000 and Qubit 1 (ThermoFisher), respec-
tively. The extracted DNA was prepared with the TruSeq
PCR-free kit (Illumina) and sequenced at Science for Life
Laboratory at Stockholm on one NovaSeq6000 S4 lane
using a 2 x 150 paired-end setup. Sequencing yielded on
average 104.9 million reads (min: 80.9, max: 133.8). See
Data S1 for a list of sample names and obtained number
of sequences per sample. The raw sequence data has been
uploaded to the NCBI BioProject PRINA721298.

Bioinformatic Analysis
The sequence data was quality trimmed as described previ-

ously using SeqPrep and trimmomatic [7]. The functional
gene annotation followed the SAMSA2 pipeline [45].
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The taxonomic annotation was done on 16S rRNA reads
extracted from the metagenomes using the software combo
Kraken + Bracken?2 [46, 47] as described in Broman et al.
[48]. Full details of the bioinformatic analyses are avail-
able in the supplementary information.

Statistics

Shannon’s H alpha diversity index was calculated from the
16S rRNA gene data using the software Explicet by subsam-
pling to the lowest sample size (16S rRNA gene data: 30,819
counts) and with bootstrap X 100 (with the mean reported).
Beta diversity was tested using the Bray—Curtis dissimilar-
ity index and Sgrensen-Dice coefficient and pairwise PER-
MANOVA tests (9999 permutations) with Bonferroni cor-
rected P values using the software past 4.05 [49]. For the beta
diversity analyses, the input data was based on either relative
abundance (bacteria and archaea, Bray—Curtis) or normal-
ized read counts for the KEGG KO identifiers. Shapiro—Wilk
test was used to check if data had a normal distribution using
R 3.6.2 [50] with the shapiro.test function (R package: car
3.0-11 [51]) and the homogeneity of variance was analyzed
with Levene’s test using the leveneTest function (R package:
stats 3.0-4). One-way ANOVA and post hoc Tukey tests were
used to test significant differences between the stations using
R with the res.aov and TukeyHSD functions. Boxplots with
jitter alongside one-way ANOVA and #-test were produced
with the R package ggpubr 0.4.0. Comparisons of As, Cd, Cu,
and Zn metal-related genes between stations were based on
listed genes in Yan et al. [52]. The R package Hmisc 4.7.0 [53]
was used to conduct Pearson correlations between the normal-
ized read counts for nitrogen cycling genes, and the sum of
the metal-related genes, and the sum of dioxin degradation
genes. In addition, the edgeR package in R [54] was used to
normalize counts (as CPM) and test for statistical differences
(false discovery rate, FDR < 0.05) between KEGG KOs by
using the raw count data as input. All data are reported as
mean + standard error.

Results

Field Conditions, Metal and PCDD/F Concentrations
in the Sediments

The sampled polluted area in Oskarshamn (stations OSK
1 and OSK 2) and the national reference station (ASK)
both had oxic bottom waters, salinity 6.27-7.21, and a
temperature of 16.05-17.17 °C (Table 1). Dissolved
NO,™ + NO;~ was higher in the bottom water at Oskar-
shamn compared to the reference station ASK (n=3;
one-way ANOVA, df=5, F=223.9, P<0.001), while

dissolved NH,* concentrations in the bottom water were
similar among stations (n=3; one-way ANOVA, df=35,
F=0.204, P=0.675). The sediment porosity (®) was simi-
lar for each station, while sediment organic carbon (C,,,)
and nitrogen content (N) were different among all stations
(n=1 per station; Table 1).

Harbor sediments at OSK 1 and 2 were found to contain
twice as high concentrations of As, Cu, Hg, Pb, and Zn,
respectively, and seven times higher concentrations of Cd
when compared with the reference site ASK (based on
the average for OSK 1 and OSK 2, Zn was only higher at
OSK 1; Table 1). The highest concentrations of Cd (3.0),
Cu (86.5), Hg (1.4), Pb (10.40), and Zn (227.0) were
found at OSK 1 (values shown as mg kg~' dw). Com-
pared with the two OSK stations, the sediment at ASK
contained higher concentrations of Ba, Co, Cr, Ni, and
V (Table 1). However, most of these metals at ASK were
below what is classified as a high significant deviation
from the national threshold by the Swedish Environmental
Protection Agency, except for Zn and Cu at all stations.
Notably, Cd, Hg, and Pb were categorized as “high” at
the OSK stations; however, Cr was categorized as “high”
at the ASK station (Table 1). For dioxin concentrations,
taken together, there were no large differences between
the two OSK stations as compared with ASK (on average
0.6-1.3 times difference per compound); however, concen-
trations were higher at OSK 1 than at OSK 2 (Table 2).
In contrast, furan concentrations were on average 7 and 3
times higher at OSK 1 and OSK 2, respectively, compared
with ASK (Table 2). The highest concentrations of furans
were octachlorodibenzofuran (OCDF) and total HeptaCDF
with OCDF at OSK 1 (693.0), OSK 2 (208.0), ASK (23.0),
and total HeptaCDF at OSK 1 (276.0), OSK 2 (90.0), and
ASK (26.0), respectively (all values shown as ng kg™ dw).

Denitrification and DNRA Rates

The '"NO;~ isotope labeling incubations showed that
there was no significant difference in denitrification
rates among the stations (OSK 1 189.1 +30.4, OSK 2
131.9+23.4, and ASK 210.6 +33.0 umol N m~2 d™!;
one-way ANOVA, df =25, F=1.59, P=0.23, n=9 per
station except OSK 1 n=38; Fig. 1A). This represents 92.3,
92.6, and 93.7% denitrification of the total nitrate reduc-
tion, respectively (i.e., % denitrification = denitrification /
(denitrification + DNRA)). Similarly, no significant differ-
ence in DNRA rates was found among the stations (OSK
115.0+2.2,0SK211.0+2.4, and ASK 14.2 +2.0 umol
N m~2d~!; one-way ANOVA, df =26, F=0.75, P=0.48;
n=9 for each station; Fig. 1B). This represents 7.7, 7.4,
and 6.3% DNRA of the total nitrate reduction, respectively
(i.e., % DNRA =DNRA / (denitrification + DNRA)). See
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Fig.1 Boxplots showing N, production rates from '°NO,.” labeled »

incubations conducted on sediment sampled from the polluted harbor
of Oskarshamn (stations OSK 1 and OSK 2) and a reference station
Asko (station ASK). The subpanels show A denitrification rates; B
DNRA rates; and C denitrification derived from nitrification (D14N).
The middle line inside each box denotes the median, the top and
bottom of each box represent the 25th and 75th quartile, while the
whiskers represents the maximum and minimum values. Number of
replicates n=9 per station except for A OSK 1 denitrification n=28
and COSK 1 D14Nn=8

Data S2 for a full list of all data for each replicate. Even
though no significant differences were found for deni-
trification and DNRA rates, the calculated denitrifica-
tion derived from nitrification (D14N) was higher at the
reference station ASK (96.9 + 0.3%) compared with the
polluted harbor stations OSK 1 (92.1+0.7%) and OSK
2 (90.9 +0.8%) (one-way ANOVA tests, df =16 and 17,
F=11.9 and 12.6, P<0.01 for both OSK 1 and OSK 2;
Fig. 10).

Nitrogen Cycling Pathways and Genetic Signatures

Metagenome data analysis resulted, on average, in 19.8 mil-
lion reads (range: 14.7-25.6) per sample that could be clas-
sified to KEGG KO identifiers (assigned reads in MEGAN).
After normalization (subsampling to lowest sample size),
on average 173,000 reads could be assigned to KEGG KO
identifiers belonging to the nitrogen metabolism pathway. A
full list of KEGG nitrogen metabolism classifications with
normalized read counts is available in Data S3. Full path-
ways for DNRA, assimilatory nitrate reduction, denitrifica-
tion, N, fixation, nitrification, and anammox were identified
at all three stations (Fig. S2). Analysis of the Bray—Curtis
dissimilarity index of all KEGG KO identifiers in the nitro-
gen metabolism map showed that the stations were different
from each other (PERMANOVA, df=17, pseudo-F=22.17,
P <0.001; with all stations being different from each other
when tested with pairwise comparison, Bonferroni corrected
P values < 0.05).

The majority of nitrogen cycling genes that could be
classified to taxa were attributed to different Proteobacteria
classes (Alpha, Beta, Delta, Gamma), Bacteroidetes, and
archaeal Thaumarchaeota at all stations (Data S4). Looking
closer at abundances of genes for reductive N-cycling pro-
cesses, differences were observed both for denitrification and
DNRA. The statistical tests, edgeR, and one-way ANOVA
with r-tests showed similar results and the one-way ANOVA
tests are reported below (see methods for more details and
Data S5 for edgeR results). Polluted harbor sediments OSK
1 and OSK 2 showed a lower relative abundance of narG,
nirS, and nirK genes, as well as nosZ for OSK 1, when com-
pared to the reference station ASK (Student’s #-test, P <0.05;
Fig. 2A-E). Analyses of differences in the denitrification

@ Springer

A

350

300

250

200

150

100

Denitrification (umol N m2 d-')

50 -

25

20

15+

10+

DNRA (umol N m2d™)

|

95

]

90

D14N %

85

o

OSIK 1 OSIK 2 AéK

pathways within the polluted stations showed that there was
no difference in nitrate reduction genes between OSK 1 and
OSK 2 (for example, the narG gene; Fig. 2A); nitrite reduc-
tion was significantly different only for nirS gene abundance
but not nirK (with more nir$S genes in OSK 2 compared to
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OSK 1; one-way ANOVA Student’s pairwise t-test, P <0.05,
Fig. 2B-C), while nitric oxide and nitrous oxide reduction
(norB and nosZ, respectively) showed no difference between
the two OSK sites (Fig. 2D-E). However, the nirS and nirK
community composition was similar between OSK 1 and

Anova, P =0.0021 0.0096 Anova, P = 7.7e-05

OSK 2 with most of the classified genes attributed to Gam-
maproteobacteria, Thaumarchaeota, and Chloroflexi (Fig. S3
and Data S4). In addition, more nirK genes were attributed
to the archaeal phylum Thaumarchaeota at ASK when com-
pared with both OSK 1 and OSK 2 (one-way ANOVA tests,
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Fig.2 Boxplots with jitter showing selected nitrogen cycling KEGG
KO identifiers and their associated gene names, each sample is indi-
cated as a dot (i.e., jitter). A shows nitrate reduction (narG gene), two
genes for nitrite reduction B nirS and C nirK, D nitric oxide reduc-
tion (norB), E nitrous oxide reduction (nosZ), two genes for DNRA F
nrfA and G nirB, and H nitrogen fixation (nifH). The data is based on
normalized read counts, and the one-way ANOVA results show the
results for the whole model (including all three stations), while the
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P value between stations is based on pairwise #-tests. P values < 0.05
have been marked with bold text. The middle line inside each box
denotes the median, the top and bottom of each box represent the
25th and 75th quartile, while the whiskers represents the maximum
and minimum values. Outliers are shown outside the whiskers if the
distance is longer than 1.5 xbox height. Number of replicates: ASK
n=7,0SK1n=7,0SK2n=4
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F=177 and 91, respectively, P<0.01; Data S4). General
differences in taxonomic profile attributed to these genes
included a higher relative abundance of Nitrospirae carry-
ing the narG gene at ASK, whereas at OSK 1 the narG gene
was predominantly attributed to Deltaproteobacteria (Data
S4). Most of the nosZ genes could not be classified (ca 60%)
but the majority of the sequences that could be classified
belonged to Bacteroidetes, with no difference among sta-
tions (Data S4).

For sequence reads that could be matched to DNRA,
there were more identified genes coding for nitrate reduc-
tase cytochrome C (nrfA) at OSK 1 compared with both
ASK and OSK 2 (Student’s #-test, P <0.05: Fig. 2F), while
reads for nitrite reductase NADH (nirB), another enzyme in
DNRA, were overrepresented at OSK 2 compared with ASK
and OSK 1 (Student’s #-test, P < 0.05: Fig. 2G). Within taxa
attributed to nrfA, the analyses showed that Bacteroidetes
had a higher relative abundance at OSK 1 when compared
with ASK and OSK 2 (one-way ANOVA tests, F'=248 and
11, respectively, P <0.01; Fig. S3 and Data S4). Further-
more, taxa attributed to nirB were found to be dominated
by Gammaproteobacteria at OSK 1 and OSK 2 but could
not be further classified to family level (Data S4). Finally,
we also observed a difference between stations in the nitro-
gen fixation gene nifH that was highest at OSK 1 (Fig. 2H),
ammonia oxidation genes amoAB that were highest at ASK,
and anammox genes hzs and hdh that had low counts (< 30)
at all stations (Fig. S4). See supplementary information for
full details of these additional results.

Metal and PCDD/F Resistance and Genetic
Signatures

Both polluted harbor stations OSK 1 and OSK 2 were
found to have higher numbers of reads attributed to sev-
eral metal-related KEGG KOs compared with the refer-
ence station ASK, e.g., genes encoding for arsenate reduc-
tase (glutaredoxin/thioredoxin), P-type Cu?* transporter,
two-component system OmpR family heavy metal sensor
histidine kinase CusS, and Zn>*/Cd**-exporting ATPase
(edgeR, FDR <0.5; Fig. 3A). Furthermore, the relative
abundance of reads attributed to some of these genes
was higher at OSK 1 compared with OSK 2, including
the genes coding for copper homeostasis protein, cop-
per/silver efflux system protein, and Zn>*/Cd**-export-
ing ATPase, respectively (Fig. 3A). Taxa at OSK 1 and
OSK 2 that could be affiliated to the metal-related genes
were most closely related to members of the order Des-
ulfuromonadales (that was also attributed to N,-fixation,
nifH) and were classified to, e.g., P-type Cu?* transporter,
two-component system OmpR family heavy metal sen-
sor histidine kinase CusS, Zn>*/Cd**-exporting ATPase,
and copper/silver efflux system protein (Data S4). Several
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phyla and classes that were attributed to denitrification and
DNRA genes were also affiliated with the metal-related
genes included, e.g., Bacteroidetes, Chloroflexi, Alpha-,
Delta-, and Gammaproteobacteria (Data S4). Examples
of taxa that both denitrification (nirS or nirK) or DNRA
(nrfA or nirB) and metal-related genes could be affiliated
with included Pseudomonas, Thiotrichaceae, Gemmati-
monadaceae, Rhodobacteraceae, Desulfobacterales, and
Cytophagales (Data S4).

The dioxin degradation pathway included dibenzofuran
dioxygenase enzymes involved in both PCDD and PCDF
degradation with genes dxnAl, dxnA2, dbfAl, and dbfA2
(KEGG KOs: K22715, K22716, K14599, K14600, respec-
tively). None of these KEGG KOs was, however, statisti-
cally significantly different among stations (Fig. 3B). Nor
was there any clear pattern that showed that the harbor sta-
tions had a higher gene abundance for later steps in these
pathways (Fig. 3B). Overall, reads attributed to PCDD
and PCDF degradation were significantly fewer than those
attributed to metal-related genes (~ 5000 reads per sample
compared to ~ 65,000 attributed to the toxic metals). Taxa
attributed to dibenzofuran dioxygenase enzymes included
mainly Actinobacteria and Gammaproteobacteria with no
further classification to class level (Data S4).

Pearson correlations based on the normalized read
counts for the metal resistance, dioxin degradation, and
the nitrogen cycling genes showed that narG, nirS, nirkK,
and nosZ were negatively correlated with the sum of all
metal-related genes (r=-10.50,—0.70,—-0.91,—0.83, all
P <0.05, respectively). In contrast, the genes norB, nrfA,
and nirB were positively correlated with the metal-related
genes (r=0.85, 0.84, 0.67, all P <0.05, respectively). The
sum of the dioxin degradation genes did not correlate sig-
nificantly with any of the nitrogen cycling genes.

Microbial Diversity and Community Composition

Considering the difference in pollution between the har-
bor stations and the national reference station, we also
investigated whether there were differences in taxonomic
diversity among the bacterial and archaeal communities.
Shannon’s H diversity index was significantly lower at the
reference ASK station (6.16 +0.05 Shannon’s H, n="7)
when compared with both OSK 1 (6.82+0.04, n=7)
and OSK 2 (6.87 £0.04, n=4) (tested on the 16S rRNA
gene data; one-way ANOVA, df =17, F=82.4, P <0.001;
and with post hoc TukeyHSD multiple comparison test:
P <0.001 for both harbor stations when compared with
ASK). There was, however, no difference in Shannon’s
H diversity index between the two harbor stations OSK
1 and OSK 2 (one-way ANOVA with post hoc Tukey
test, P=0.81). The Bray—Curtis dissimilarity index was
tested between all stations and showed that there was a
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A

OsK 1 0SK 2 ASK edgeR statistically signi
KEGG KO Entry name i 2 3 4 5 6 7 [ 1 2 3 41 2 3 4 5 6 7
K00537  arsenate reductase (glutaredoxin) 2225 2027 2059 2132 2253 1998 2255 | 2812 2132 2304 | 2276 2249 2325 1894 2176 2256 2221 (OSK 1>ASK
K03741  arsenate reductase (thioredoxin) 3989 3903 4022 3865 3957 4040 3863 |OSK 2 > ASK
K03893  arsenical pump membrane protein 79 81 86 73 72 72 |OSK 1& OSK 2 > ASK
K03325  arsenite transporter 8734 8589 8941 8475 8631 8579 |OSK 1> ASK & OSK 2
K23988  ArsR family transcriptional regulator m 119 93 106 106 109
Ko7722  CopG family transcriptional regulator, nickel- e 734 o £ = =
responsive regulator
K06201 Copper homeostasis protein 788 754 784 816 814 795 |OSK 1>ASK & OSK 2
K07787  Copperisilver efflux system protein 26730 27251 27020 26999 27045 27303 |OSK 1 > ASK & OSK 2
K01533  P-type Cu2+ transporter 9506 9839 8788 9477 9317 9530 |OSK 1 & OSK 2 >ASK
two-component system, OmpR family, heavy
KO7644  etal sensor histidine kinase CusS bt €2 € 867 € 932 |OSK 1& OSK 2 >ASK
K01534  Zn2+/Cd2+-exporting ATPase 4522 4507 4603 4564 4519 4497 |OSK 1 & OSK 2 > ASK, OSK 1 > OSK 2
B Counts| Min Mid -
KEGG KO Entry name ASK
K10222  2,6-dioxo-6-phenylhexa-3-enoate hydrolase
2'-aminobiphenyl-2,3-diol 1,2-dioxygenase,
K15755  jarge subunit 08K 2> ASK
2'-aminobi yl-2,3-diol 1,2-di
KI15754  Srmall subunit
2-hydroxy-6-ox0-6-(2'-aminophenyl)hexa-2,4-
KI5756 g0 homse ASK > OSK 1 & OSK 2
K22717  2-hydroxy-6-oxo-6-(2-hydroxyphenoxy)-hexa-
2.4-dienoate hvdrolase
K02554  2-keto-4-pentenoate hydratase ASK > OSK 1
K01617  2-oxo-3-hexenedioate decarboxylase ASK > OSK 1 & OSK 2
K18364 2-oxopent-4-enoate/cis-2-oxohex-4-enoate
hvdratase
K01666  4-hydroxy 2-oxovalerate aldolase 1143 120 [OSK 1>ASK & OSK 2, ASK > OSK 2
K18365 4-hydroxy-2-oxovalerate/d-hydroxy-2- wo s @ o s  ws |OSK1>ASK
oxohexanoate aldolase
K01821  4-oxalocrotonate tautomerase 577 576 502 590 490 553 543 |OSK 1 >ASK & OSK 2
K04073  acetaldehyde dehydrogenase 5 - =5 - u2 -ASK > 0SK 18& OSK 2
K18366 1yde/propanal ydrogenase OSK 2 >AsSK
biphenyl 2,3-dioxygenase ferredoxin
K18087 component
K18088 biphenyl 2,3-dioxygenase ferredoxin
reductase component
K08689  biphenyl 2,3-dioxygenase subunit alpha
K15750  biphenyl 2,3-dioxygenase subunit beta
K00462  biphenyl-2,3-diol 1,2-dioxygenase
K15751 carbazole 1,9a-dioxygenase ASK > OSK 1 & OSK 2
1,9
K15752 component YIRS
cis-2,3-dihydrobiphenyl-2,3-diol
K08690 dehydrogenase
K14599  dibenzofuran dioxygenase subunit alpha
K22715  dibenzofuran dioxygenase subunit alpha
K14600 dibenzofuran dioxygenase subunit beta
K22716  dibenzofuran dioxygenase subunit beta
K00480 salicylate hydroxylase ASK > OSK 1

Fig.3 Heatmap of A KEGG KOs attributed to metal-related genes
for As, Cd, Cu, and Zn for each station and replicate sample (denoted
with a number on the top x-axis) and B KEGG KOs included in the
dioxin degradation KEGG pathway, respectively. The list of selected
genes for the metals is based on Yan et al. [52]. The data shown is

significant difference in community composition (PER-
MANOVA, df =17, pseudo-F=20.98, P <0.001). Pair-
wise comparison showed that the ASK station was differ-
ent from both OSK 1 and OSK 2 (Bonferroni corrected P
values < 0.05), and that OSK 1 and OSK 2 were different
(Bonferroni corrected P values < 0.05).

Overall, the bacterial and archaeal communities were
dominated by Proteobacteria (classes Gamma, Delta, and
Alpha in order of highest relative abundance) at all three
stations. Additional top dominant phyla included Bacte-
roidetes, Chloroflexi, Firmicutes, and Thaumarchaeota
(Fig. 4). Closer analyses of some examples of the dominant

based on normalized read counts. The edgeR results show which
KEGG KOs were significantly higher between stations (FDR <0.05).
Note that the color gradients are based on the lowest and highest val-
ues per row

genera that were different among stations showed that
Pseudomonas had the highest relative abundance at ASK
(on average 8.7%), followed by OSK 2 (6.0%) and OSK
1 (4.1%) (one-way ANOVA, df =17, F=37.96, P <0.05;
with post hoc TukeyHSD test, P <0.05 for all three sta-
tions; Fig. 5). An uncultured genus belonging to the fam-
ily Anaerolineaceae had a higher relative abundance at
station ASK (5.0%) when compared with OSK 2 (3.8%)
(F=5.089, P<0.05, TukeyHSD, P <0.05) but there was
no major difference between OSK 1 (4.4%) and OSK 2.
The MNDI1 genus belonging to the family Nitrosomona-
daceae was significantly different among all stations, with

@ Springer



E.Broman et al.

OSK 1 (1)

OSK 1 (2)

OSK 1 (3)

OSK 1 (4) -

OSK 1 (5)

OSK 1 (6)

0SK 1 (7)

0SK 2 (1)

0SK 2 (2)

OSK 2 (3)

OSK 2 (4)

ASK (1)

ASK (2)

ASK (3)

ASK (4)

ASK (5)

ASK (6)

ASK (7)

o
N
o
B
o

m Archaea/Euryarchaeota
Archaea/Thaumarchaeota
Acidobacteria
Actinobacteria

= Bacteroidetes

u Calditrichaeota

m Chlamydiae
Chloroflexi
Cyanobacteria

= Deinococcus-Thermus

H Elusimicrobia

Fig.4 Stacked bars showing the bacterial and archaeal commu-
nity composition as relative abundance (%) detected in the collected
sediment samples (top 1 cm sediment slice). The data is based on
metagenome extracted 16S rRNA gene sequences classified against

the lowest relative abundance in the polluted sediment
at OSK 1 (0.7%) and OSK 2 (1.7%) compared with the
reference station ASK (8.1%) (F=811.3, P<0.001; Tuk-
eyHSD, P <0.05; Fig. 5). An uncultured genus belong-
ing to the family Thiotrichaceae was also significantly
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the SILVA database (using the Kraken2 4+ Bracken2 software combo).
OSK 1=O0Oskarshamn station 1, OSK 2=Oskarshamn station 2,
ASK =Asko station. The numbers in parenthesis denote the replicate
number (individual sediment cores)

different among all stations, most abundant at OSK 2
(4.2%) followed by OSK 1 (2.7%), and lowest at ASK
(0.3%) (F=73.61, P<0.001; TukeyHSD, P <0.05; Fig. 5).

Moreover, the class Dehalococcoidia that consists
of known bacterial members capable of carrying out
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Proteobacteria/Gammaproteobacteria/Pseudomonadales/Pseudomonadaceae/Pseudomonas —
Proteobacteria/Gammaproteobacteria/Steroidobacterales/Woeseiaceae/Woeseia —
Chloroflexi/Anaerolineae/Anaerolineales/Anaerolineaceae/uncultured —|
Proteobacteria/Gammaproteobacteria/Betaproteobacteriales/Nitrosomonadaceae/MND1 —
Proteobacteria/Gammaproteobacteria/Thiotrichales/Thiotrichaceae/uncultured —
Proteobacteria/Gammaproteobacteria/A eromonadales/A eromonadaceae/A eromonas
Archaeal/Thaumarchaeota/Nitrososphaeria/Nitrosopumilales/Nitrosopumilaceae/Candidatus Nitrosopumilus —
Proteobacteria/Gammaproteobacteria/Beggiatoales/Beggiatoaceae/ Thiomargarita —|
Proteobacteria/Deltaproteobacteria/Desulfobacterales/Desulfobacteraceae/SEEP-SRB1 —
Proteobacteria/Gammaproteobacteria/Gammaproteobacteria Incertae Sedis/Unknown Family/uncultured —
Proteobacteria/Alphaproteobacteria/Rhodobacterales/Rhodobacteraceae/uncultured —
Proteobacteria/Deltaproteobacteria/Desulfobacterales/Desulfobulbaceae/uncultured —
Bacteroidetes/Bacteroidia/Chitinophagales/Saprospiraceae/uncultured —
Proteobacteria/Gammaproteobacteria/Cellvibrionales/Halieaceae/OM60(NORS5) clade
Gemmatimonadetes/Gemmatimonadetes/Gemmatimonadales/Gemmatimonadaceae/uncultured —
Bacteroidetes/Bacteroidia/Cytophagales/Microscillaceae/uncultured —
Nitrospirae/Nitrospira/Nitrospirales/Nitrospiraceae/Nitrospira —
Proteobacteria/Deltaproteobacteria/Desulfobacterales/Desulfobacteraceae/uncultured —
Omnitrophicaeota/Omnitrophia/Omnitrophales/Omnitrophaceae/Candidatus Omnitrophus —
Proteobacteria/Gammaproteobacteria/Betaproteobacteriales/Rhodocyclaceae/Dechloromonas —|
Bacteroidetes/Bacteroidia/Bacteroidales/Marinilabiliaceae/uncultured —
Proteobacteria/Gammaproteobacteria/Cellvibrionales/Spongiibacteraceae/BD1-7 clade —
Proteobacteria/Gammaproteobacteria/Thiomicrospirales/Thioglobaceae/SUP05 cluster —

Fig.5 Heatmap showing the dominant bacterial and archaeal taxa
in the sediment based on the metagenome 16S rRNA gene data. The
heatmap shows data based on lowest classified taxonomic level (i.e.,
genera). The data was delimited to genera> 1% (average of all sam-
ples). OSK 1=0Oskarshamn station 1, OSK 2=0skarshamn station

dechlorination had a higher relative abundance at the
OSK 1 and OSK 2 stations when compared with ASK
(one-way ANOVA tests, df =13 and 10, F=138.5 and
50.0, P <0.01 for both, respectively). The relative abun-
dance of Dehalococcoidia was, however, low at all stations
with ASK 0.01 +£0.02%, OSK 1 0.27 +0.05%, and OSK
2 0.36+0.15%. A full list of all taxonomy classifications
with read counts can be found in Data S6.

Discussion

This study shows that the benthic microbial community
from the historically polluted sediment in Oskarshamn’s
outer harbor has adapted to the metal pollution. These
results reflect the harbor’s history of pollution over the
last century [55], with historic emissions of contaminants
derived from various industrial processes, e.g., a copper
plant operated between 1918 and 1969, and a battery fac-
tory (since 1917, still in operation) [27]. While the inner
harbor has recently been remediated through suction-
dredging to decrease the level of pollutants [29-31], the
outer harbor remains unremedied and, as this study shows,
is still polluted with high levels of metals and PCDD/
Fs. Concentrations of Cd, Cu, Hg, and Pb in the harbor
sediments were significantly higher compared with the
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2, ASK=Asko station. The numbers in parenthesis denote the rep-
licate number (individual sediment cores). The labels inside the heat-
map denote the relative abundances (%), with dark cells having white
labels to enhance reading clarity

national reference station near Askd (ASK), and signifi-
cantly above the national thresholds [37]. Furans (PCDF)
concentrations were 3—7 times higher at the harbor sta-
tions (OSK) compared with ASK. Calculated PCDD/F
toxic equivalencies (ng kg~! TEQ dw) showed that OSK
1 (15 ng kg™!) was three times higher than at both OSK
2 (5 ng kg™!) and ASK (5 ng kg™!) [TEF values to calcu-
late TEQ taken from 56]. Given the large differences in
pollution between polluted OSK stations and the national
reference station, and considering that mixed metal pol-
lution, as well as petroleum exposure experiments, have
been shown to decrease the rate of denitrification [22, 23],
we expected lower denitrification and DNRA rates in the
polluted harbor sediments. However, we detected no sta-
tistically significant differences in denitrification or DNRA
rates among the stations.

Observed denitrification and DNRA rates (Fig. 1) were
similar to those previously shown at unpolluted sites in the
southern and central Baltic Sea [57, 58], which indicates
that the polluted stations had denitrification and DNRA rates
within the range generally found in the Baltic Sea. In more
detail, for the two OSK stations, the average denitrification
rates calculated per hour (5.5-7.9 umol N m~2 h™!) and
DNRA rates (0.5-0.6 umol N m~2 h™!) are at similar levels
to what has previously been reported for the Himmerfjarden
area nearby the reference station Asko [58]. These values
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are also comparable to denitrification rates measured in the
central Baltic Sea and in coastal sediments in the more saline
southern Baltic Sea [57]. There was a time difference (of
ca 6 weeks between June 27 and August 10), due to logisti-
cal reasons, between sampling the OSK and ASK stations;
however, our results do not indicate a significant inhibition
effect on denitrification and DNRA at the polluted Oskar-
shamn stations. Moreover, previous research has shown that
denitrification rates at Asko station were significantly lower
in June than in August [58]; thus, denitrification and DNRA
rates would have been expected to be ~ 3 times lower at Asko
if the station had been sampled 6 weeks earlier (i.e., in June),
further supporting that inhibition was only minor at the OSK
stations. In this study, we investigated two stations within
one polluted harbor in the Baltic Sea, and potentially other
polluted sites with different environmental conditions might
yield different results when compared to the reference sta-
tion. Nevertheless, the high concentrations of contamina-
tions at our polluted sites indicate that our results are likely
relevant for other polluted coastal areas. Possibly anaerobic
oxidation of ammonium (anammox) rates, which were not
analyzed in this study, could contribute to the total nitrate
reduction but since several previous studies have shown
that anammox activity is typically of minor importance in
shallow estuarine and coastal sediments [59], as shown at,
for example, Asko [58], the process is not expected to be
significant at the Oskarshamn stations. Indeed, the metage-
nome data indicated a very low capacity for anammox in the
studied sediments, with <30 read counts at ASK and< 15
counts at respective OSK station. Anammox rate measure-
ments to estimate its contribution to total nitrate reduction
would be relevant; however, in studies of polluted sediments
at deeper water depths, this process has been shown to be
of less importance below 100 m water depth [59]. To sum-
marize, our findings suggest that the long-term metal and
organochloride pesticide pollution did not have any signifi-
cant inhibitory effect on reductive N cycling processes at
the time of sampling.

The genetic adaptation of the microbial communities at
OSK 1 and 2 to the high concentrations of pollutants was
revealed by the metagenome results. This was evident by
the gene data with an overrepresentation of metal resistance
genetic prerequisites at OSK 1 and 2, and the presence of
taxa that could be matched to both denitrification/DNRA
genes and the metal-related genes, such as Thiotrichaceae
and Pseudomonas. The family Thiotrichaceae, which was
significantly more abundant in the polluted sediments, has
previously been described to include members with genetic
prerequisites for both metal tolerance and DNRA production
[9, 60-62]. The genus Pseudomonas, which was present at
all stations, is known to include species with both metal
tolerance and denitrification capacity [63—65]. However,
with the data obtained in this study, it was not possible to
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differentiate among species of this genus. Results of metal
resistance capacity complement previous findings, which
showed that Baltic Sea deep water sediments were over-
represented in Cd-Zn-Hg resistance pathways in compari-
son with several other deep waters and sediments globally
[66, 67], and suggest a broader genetic adaptation to metal
pollution in the Baltic Sea. Even though we detected dif-
ferences in denitrification gene abundances (such as nirkK
and nirS) among stations, these genes have previously been
described to also be present in, e.g., anaerobic ammonium-
oxidizing bacteria and methane-oxidizing bacteria [68],
which we identified at all stations, possibly partly explain-
ing less correlation with denitrification rates. Here we used
the KEGG KO annotations from software combo DIA-
MOND + MEGAN [69]. We have previously used these
tools in conjunction with metagenome assemblies, RNA-seq,
and measured environmental variables to validate our find-
ings [70-72]. Differences observed in N-cycling genes in our
dataset (e.g., norB being high at OSK while nirS being high
at ASK) are therefore potentially a result of the environmen-
tal conditions at each station selecting for specific microbes
carrying these genes. Our metagenomics results furthermore
confirm that the abundance of genes encoding proteins of
enzymes involved in nitrate reduction does not directly relate
to the biogeochemical rates, as previously shown for several
biogeochemical processes [73].

In addition to microbial community traits, environmen-
tal conditions at sampled sites may explain denitrification
rates. For example, differences in organic matter content,
grain size, and redox potential are more likely than metals to
influence denitrification rates [74, 75]. The sampled stations
were all oxic at the sampled depth, but presented natural
differences in, e.g., temperature, salinity, and marked differ-
ences in quantity/quality of organic matter (see C,,, and N
data). Especially this latter factor may explain a part of the
variation in our data similarly to what has been previously
observed in Baltic Sea sediments [76]. Since there was more
Core and N (as well as a higher C,/N ratio) at the polluted
sites than at the reference site, we argue that the stimulatory
effect of more C and N on denitrification rates might have
been negatively offset by the high levels of contaminants.
Even though NO,™ +NO;™ in the bottom water were low at
all stations, it was slightly higher at the polluted sites (on
average 1.5 uM) compared with the reference site (0.6 uM),
which might explain small differences in nitrogen cycling
processes between the sites. While O, and NH,* concentra-
tions at the bottom water revealed oxic conditions, O,, H,S,
and NH," concentrations in the sediment surface were not
determined and differences in the sediment redox profile
among stations might also have influenced denitrification
and DNRA rates. However, we have a good grasp of how
much these sediments consume in terms of O, consump-
tion over time since extensive microprofiling in all these
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sediment has been conducted in our previous works [58,
76-79]. When pre-incubating the sediments for 1.5 h fol-
lowed by 6 h at 13 °C, these sediments are estimated to
consume on average 27% of the initial oxygen available in
the cores, meaning that no cores went hypoxic. Also, due to
the very low oxygen penetration depth of only a mm [see,
for example, 78], N, production rates were likely linear
over time. Furthermore, we observed higher denitrification
derived from nitrification (i.e., D14N) at ASK compared
with OSK 1 and OSK 2, which was also in accordance
with a higher relative abundance of amoABC gene counts,
and Nitrosomonadaceae bacteria at ASK. Even though the
cores were “flooded” with N during the IPT incubation (an
increase from~0.6 uM to ~20 uM NO;"), this could indicate
that nitrification limitation is regulating denitrification rates
at ASK even under ambient NO;~ concentrations [80].

Even though there was an obvious difference in metal
resistance genes between the polluted stations and the
national reference station, the metagenome data showed
that the capacity to degrade PCDD/Fs in the sediment was
limited at all three studied stations. The latter result was less
expected as there are known specific bacterial populations,
such as Pseudomonas species, that have been shown to toler-
ate PCDD addition [81], and some bacteria, such as Dehalo-
coccoides, degrade PCDD/Fs (so-called dehalogenation)
using hydrogen as an electron donor [82—84]. That there
was no observed difference in denitrification rates among
the studied sites suggests that the PCDD/Fs not noteworthy
influenced the nitrate-reducing populations. Explanations
for a limited capacity to degrade PCDD/Fs in our dataset
include, e.g., that (1) these substances have a low solubility
and therefore sorb to particles [85] resulting in less available
substances for the microbial community and (2) bacterial
transformation of PCDD/F depends on H, as an electron
donor [82, 83], which at the high concentration of sulfate
and abundance of sulfate-reducing bacteria (that consume
H,) possibly made degradation of PCDD/Fs unfavorable
[83]. This was also indicated by a low relative abundance
attributed to Dehalococcoides (<0.1% per station, Data S6).
Potentially, results would be different in freshwater systems
where H, might be more readily available at the sediment
surface. Our results therefore indicate that microbial trans-
formation of PCDD/Fs was likely not a major metabolic
process at any of the studied coastal sites.

Conclusions

Our findings indicate that benthic denitrification and
DNRA do not seem to be affected by historic contami-
nant emissions of metals and dioxins in Baltic Sea sedi-
ment collected during the summer. We found that the

polluted sediment at the outer harbor of Oskarshamn
holds a N-cycling microbial community that is adapted to
pollution. This was indicated by an overrepresentation of
metal resistance genes, some of which could be matched to
putative denitrifiers, which might partly explain the deni-
trification rate results. However, the same pattern was not
observed for PCDD/Fs degradation genes, which might
be due to the fact that the dioxins are adsorbed to sedi-
ment particles and have a relatively low bioavailability,
or due to sulfate-reducing bacteria competing for H, as
an electron donor (that is also used in bacterial transfor-
mation of PCDD/Fs). Even though the polluted sediment
revealed less sequences attributed to denitrification genes,
such as nirK, nirS, and nosZ, this was not reflected in the
N-cycling rates when compared to a national reference
station and other sites in the Baltic Sea. Our results of
denitrification/DNRA rates and metal genes indicate an
important adaptation of nitrate-reducing bacteria to metals
resulting in a more metal-tolerant microbial community
with persistent nitrate reduction in the polluted harbor
sediment. Consequently, the microbial N-cycling might
be more impacted by the access to organic carbon and
nutrients than by pollution of metals and dioxins.
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