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world and new techniques for remediation are urgently needed. Phytoremediation, use of plants to remove 

pollutants from the environment or to render them harmless, is considered as an environment-friendly 
method to remediate contaminated soil in-situ and has been applied for some other heavy metals. Whether 
this approach is suitable for remediation of Hg-contaminated soil is, however, an open question. The aim 
of this thesis was to study the fate of Hg in terrestrial plants (particularly the high biomass producing 
willow, Salix spp.) and thus to clarify the potential use of plants to remediate Hg-contaminated soils.  

Plants used for phytoremediation of Hg must tolerate Hg. A large variation (up to 30-fold difference) 
was detected among the six investigated clones of willow in their sensitivity to Hg as reflected in their 
empirical toxicity threshold, the maximum unit toxicity and EC50 levels. This gives us a possibility to 
select Hg-tolerant willow clones to successfully grow in Hg-contaminated soils for phytoremediation.  

Release of Hg into air by plants is a concern when using phytoremediation in practice. No evidence 
was found in this study that Hg was released to the air via shoots of willow, garden pea (Pisum sativum 
L.), spring wheat (Triticum aestivum L.), sugar beet (Beta vulgaris L.), oil-seed rape (Brassica napus L.) 
and white clover (Trifolium repens L.). Thus, we conclude that the Hg burden to the atmosphere via 
phytoremediation is not increased.  

Phytoremediation processes are based on the ability of plant roots to accumulate Hg and to 
translocate it to the shoots. Willow roots were shown to be able to efficiently accumulate Hg in 
hydroponics, however, no variation in the ability to accumulate was found among the eight willow clones 
using CVAAS to analyze Hg content in plants. The majority of the Hg accumulated remained in the roots 
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was higher when being cultivated in methyl-Hg solution than in inorganic Hg solution, whereas the 
translocation of Hg to the shoots did not differ. 

The low bioavailability of Hg in contaminated soil is a restricting factor for the phytoextraction of 
Hg. A selected tolerant willow clone was used to study whether iodide addition could increase the plant-
accumulation of Hg from contaminated soil. Both pot tests and field trials were carried out. Potassium 
iodide (KI) addition was found to mobilize Hg in contaminated soil and thus increase the bioavailability 
of Hg in soils. Addition of KI (0.2–1 mM) increased the Hg concentrations up to about 5, 3 and 8 times in 
the leaves, branches and roots, respectively. However, too high concentrations of KI were toxic to plants. 
As the majority of the Hg accumulated in the roots, it might be unrealistic to use willow for 
phytoextraction of Hg in practice, even though iodide could enhance the phytoextraction efficiency. 

In order to study the effect of willow on various soil fractions of Hg-contaminated soil, a 5-step 
sequential soil extraction method was used. Both the largest Hg-contaminated fractions, i.e. the Hg bound 
to residual organic matter (53%) and sulphides (43%), and the residual fraction (2.5%), were found to 
remain stable during cultivations of willow. The exchangeable Hg (0.1%) and the Hg bound to humic and 
fulvic acids (1.1%) decreased in the rhizospheric soil, whereas the plant accumulation of Hg increased 
with the cultivation time. The sum of the decrease of the two Hg fractions in soils was approximately 
equal to the amount of the Hg accumulated in plants. Consequently, plants may be suitable for 
phytostabilization of aged Hg-contaminated soil, in which root systems trap the bioavailable Hg and 
reduce the leakage of Hg from contaminated soils. 
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Abstract 
 
Mercury (Hg) pollution is a global environmental problem. Numerous Hg-contaminated sites exist 
in the world and new techniques for remediation are urgently needed. Phytoremediation, use of 
plants to remove pollutants from the environment or to render them harmless, is considered as an 
environment-friendly method to remediate contaminated soil in-situ and has been applied for some 
other heavy metals. Whether this approach is suitable for remediation of Hg-contaminated soil is, 
however, an open question. The aim of this thesis was to study the fate of Hg in terrestrial plants 
(particularly the high biomass producing willow, Salix spp.) and thus to clarify the potential use of 
plants to remediate Hg-contaminated soils.  

Plants used for phytoremediation of Hg must tolerate Hg. A large variation (up to 30-fold 
difference) was detected among the six investigated clones of willow in their sensitivity to Hg as 
reflected in their empirical toxicity threshold (TT95b), the maximum unit toxicity (UTmax) and EC50 

levels. This gives us a possibility to select Hg-tolerant willow clones to successfully grow in Hg-
contaminated soils for phytoremediation.  

Release of Hg into air by plants is a concern when using phytoremediation in practice. No 
evidence was found in this study that Hg was released to the air via shoots of willow, garden pea 
(Pisum sativum L. cv Faenomen), spring wheat (Triticum aestivum L. cv Dragon), sugar beet (Beta vulgaris 
L. cv Monohill), oil-seed rape (Brassica napus L. cv Paroll) and white clover (Trifolium repens L.). Thus, 
we conclude that the Hg burden to the atmosphere via phytoremediation is not increased.  

Phytoremediation processes are based on the ability of plant roots to accumulate Hg and to 
translocate it to the shoots. Willow roots were shown to be able to efficiently accumulate Hg in 
hydroponics, however, no variation in the ability to accumulate was found among the eight willow 
clones using CVAAS to analyze Hg content in plants. The majority of the Hg accumulated remained 
in the roots and only 0.5-0.6% of the Hg accumulation was translocated to the shoots. Similar 
results were found for the five common cultivated plant species mentioned above. Moreover, the 
accumulation of Hg in willow was higher when being cultivated in methyl-Hg solution than in 
inorganic Hg solution, whereas the translocation of Hg to the shoots did not differ. 

The low bioavailability of Hg in contaminated soil is a restricting factor for the phytoextraction 
of Hg. A selected tolerant willow clone was used to study whether iodide addition could increase 
the plant-accumulation of Hg from contaminated soil. Both pot tests and field trials were carried 
out. Potassium iodide (KI) addition was found to mobilize Hg in contaminated soil and thus increase 
the bioavailability of Hg in soils. Addition of KI (0.2–1 mM) increased the Hg concentrations up to 
about 5, 3 and 8 times in the leaves, branches and roots, respectively. However, too high 
concentrations of KI were toxic to plants. As the majority of the Hg accumulated in the roots, it 
might be unrealistic to use willow for phytoextraction of Hg in practice, even though iodide could 
enhance the phytoextraction efficiency. 

In order to study the effect of willow on various soil fractions of Hg-contaminated soil, a 5-step 
sequential soil extraction method was used. Both the largest Hg-contaminated fractions, i.e. the Hg 
bound to residual organic matter (53%) and sulphides (43%), and the residual fraction (2.5%), were 
found to remain stable during cultivations of willow. The exchangeable Hg (0.1%) and the Hg 
bound to humic and fulvic acids (1.1%) decreased in the rhizospheric soil, whereas the plant 
accumulation of Hg increased with the cultivation time. The sum of the decrease of the two Hg 
fractions in soils was approximately equal to the amount of the Hg accumulated in plants. 
Consequently, plants may be suitable for phytostabilization of aged Hg-contaminated soil, in which 
root systems trap the bioavailable Hg and reduce the leakage of Hg from contaminated soils. 
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Abbreviations 
 
AFS: Atomic fluorescence spectrometry 

CH3Hg
+
: Methyl mercuric ion 

(CH3)2Hg: Dimethyl mercury 

CVAAS: Cold vapour atomic absorption spectrometry  

EC50: Median effective concentration  

GC: Gas chromatography 

GSH: Glutathione 

Hg0: Elemental mercury 

Hg2+: Mercuric ion  

HPLC: High-performance liquid chromatography  

MerA: Mercuric reductase 

MerB: Organomercurial lyase 

PCs: Phytochelatins 

TT95b: Empirical toxicity threshold  

UTmax: Maximum unit toxicity 
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Introduction 

Hg - a global environmental pollutant 

Sources of Hg pollutants 

Mercury (Hg) is a global environmental pollutant that is present in soil, water, air and 
biota. Hg enters the environment as a result of natural and human. The naturally occurring 
Hg can be released into the atmosphere and then exchanged between the soil and water 
systems by the following processes (Ebinghaus et al., 1999): 

1. Wind erosion and degassing from Hg mineralized soil and rock formation 
2. Volcanic eruptions and other geothermal activities 
3. Evasion of Hg from the Earth’s subsurface crust 

whereas, anthropogenic sources of Hg can be attributed as follows (Porcella et al., 1996): 
1. Combustion of fossil fuels, wood, wastes, sewage sludge and crematories. 
2. High temperature processes, e.g. smelting, cement and lime production 
3. Manufacturing/commercial activities: e.g. metal processing, gold extraction, Hg 

mining, chlor-alkali plants, chemical and instrument industry (Hg chemicals, 
paints, batteries, thermometers, process reactants and catalysts). 

4. Other sources, e.g. agriculture (pesticides, fertilizers and manure). 

 
Fig. 1 Mercury-cycling in the environment. 
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Current estimates of anthropogenic Hg emission range from about 50 % to 75% of the 
total annual Hg emission to the atmosphere (Ebinghaus et al., 1999; Fitzgerald, 1995). The 
atmospheric Hg burden has increased by a factor of three during the last 100 years 
(Fitzgerald, 1995). The Hg released from both anthropogenic and natural sources is further 
distributed in the environment (Fig. 1). The main pathway of Hg transport in the 
environment is air-surface exchange with soils, ocean, fresh water and vegetation. 
However, other transports like soil-vegetation exchange and water-vegetation exchange 
are very important to human beings. The Hg accumulated in vegetation may enter the 
human diet either directly or through fish, birds and livestock (Fig. 1). Moreover, the soil-
vegetation exchange of Hg (Fig. 2) gives a possibility to remove Hg from contaminated 
soil by plant uptake. 

 
Fig. 2 The role of terrestrial plants in the biogeochemical cycling of Hg. 

Hg speciation in air, water, and soil 
The most common gaseous forms of Hg are elemental Hg (Hg0) and dimethyl-Hg 
((CH3)2Hg). On a global scale, the atmospheric Hg cycle is dominated by elemental Hg 
(generally > 95% of total airborne Hg), whereas only minor amount of other species 
(mainly particulate-phase Hg (Hg(p)) have been detected (Stratton and Lindberg, 1995). 
Both methyl-Hg and dimethyl-Hg have been detected in ambient air (Bloom and 
Fitzgerald, 1988). However, the concentrations are far below those of the inorganic 
species. The total Hg concentration in air at background levels is generally 1–4 ng m-3 (Table 
1). The atmospheric Hg concentrations in 1990 were 2.25±0.41 and 1.50±0.30 ng m-3, 
respectively, in the northern and southern hemispheres over the Atlantic Ocean (Slemr and 
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Langer, 1992), and it was reported as 1.5 ng m-3 at the west coast of Sweden in 2003 
(Munthe et al., 2003). The atmospheric Hg concentration is generally higher in urban and 
industrial areas, and it was reported to be 600 and 1500 ng m-3 near Hg mines and 
refineries (WHO, 2000).  

Table 1 Background Hg concentrations in different media and general Hg speciation 
Media Hg concentrations Hg speciation  References 

Air 1–4 ng m-3 Hg0, minor amount of (CH3)2Hg, 
CH3Hg-X, and particulate Hg 

 
 

Bloom and Fitzgerald, 1988; 
Slemr and Langer, 1992; 
Munthe et al., 2003 

Ocean 0.3—4.4 ng L-1 Hg-X2, CH3Hg-X, Hg0, and 
particulate Hg 

 Bloom and Crecelius, 1983; 
Laurier et al., 2004 

Soil 0.003–4.6 µg g-1 Hg2+ and CH3Hg+ (mainly bound to 
organic matter, mineral substances, 
and sulphide), minor amount of Hg0  

 Steinnes, 1997; 
Schuster, 1991 

Note: X means OH- or Cl-.  

Water contains Hg mainly in the form of Hg2+ as a complex salt bound to dissolved 
particles (Table 1). Hg concentrations in rivers, lakes, rain and snow may vary widely 
depending on environmental conditions. Mierle (1988) found about 0.3 – 2.2 ng Hg L-1 in 
lakes and rivers, and 5 – 40 ng Hg L-1 in brown streams in Ontario, Canada. According to 
Bloom and Watras (1988), snow may contain 4 ng kg-1 total Hg and 0.05 ng kg-1 methyl-
Hg, and rain samples contain 2–5 ng L-1 of total Hg and 0.15 ng L-1 of methyl-Hg. Ocean 
water was considered to have a Hg concentration of 0.3 to 4.4 ng L-1 (Bloom and 
Crecelius, 1983; Laurier et al., 2004). In sediments Hg is mainly bound to sulphur as well 
as organic matter and inorganic particles (Ullrich et al., 2001). 

Mercury levels in surface soils were reported to range from 0.003 – 4.6 µg g-1 on a 
global scale (Steinnes, 1997). However, the Hg levels may be rather high in contaminated 
sites, e.g. up to 557 mg Hg kg-1 was found in the vicinity of a chlor-alkali plant at Ganjam, 
India (Lenka et al., 1992). The chemical state of Hg in soil is apparently related to soil 
properties, as well as the chemical character of the water phase, pH, the redox potential 
and the presence of organic matter and inorganic agents (Lifvergren, 2001). Hg has 
generally a high affinity for organic matter in soil matrix (Schuster, 1991). Hg may form a 
stable complex (i.e. HgS) with sulphide in soil, which probably appears incorporated in the 
other metal sulphides or in organic matter rather than as crystalline HgS (Benoit et al., 
1999). Hg is also adsorbed to minerogenic substances, e.g. clay minerals and hydrous 
oxides of Fe, Al, and Mn. Since Hg is strongly bound to soil constituents, normally, only 
trace content of Hg are found in the soil solution (Schuster, 1991). Dissolved forms of Hg 
in soil solution are free Hg ions and soluble Hg complex, which are easily utilized by 
living organisms. Elemental Hg (Hg0), as well as neutral organic Hg like (CH3)2Hg has 
significant vapour pressure. Thus, they are volatile, and a vaporization of Hg can occur 
from polluted soil through these Hg species that are only weakly adsorbed on surface of 
minerals or organic matter (Lifvergren, 2001). Hg0 in soil can be transformed from Hg2+ 
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via abiotic or bacterial reduction. Humic and fulvic acids in soil are able to reduce Hg2+ to 
Hg0, and this abiotic reduction process is promoted by sunlight (Allard and Arsenie, 1991; 
Xiao et al., 1995). Some bacteria are capable of enzymatically reducing Hg2+ to Hg0 via 
mercuric reductase i.e. MerA (Fox and Walsh, 1982; Schiering et al., 1991; Wagner-
Dobler et al., 2000) (Fig. 3-b). Another enzyme, organomercurial lyase (MerB) existing in 
some bacteria, catalyzes the cleavage of the carbon-Hg bond of several forms of organic 
Hg (Begley et al., 1986) (Fig. 3-a). 

 

Fig. 3 Biochemistry of bacterial Hg detoxification. 
a) Organomercurial lyase (MerB) detoxifies organic Hg 
(RHg) by catalyzing the cleavage of the carbon-Hg bond;  
b) Mercuric reductase (MerA) reduce Hg2+ to Hg0. 

In respect to environmental exposures, methyl-Hg compounds present the most critical 
concern. Bacteria such as the sulphate-reducing strains are able to methylate Hg2+ to 
CH3Hg+ (Compeau and Bartha, 1985; Olson and Cooper, 1976). In general, around 1% of 
the total Hg in sediment is converted to methyl-Hg mainly via bacterial activities (von 
Burg and Greenwood, 1991). Matilainen et al. (2001) reported that Hg methylation was 
most intensive in organic surface layer, especially the living moss in the uppermost 0–16 
cm of the soil profiles. 

Health risks of Hg 

Mercury and its compounds are persistent, bioaccumulative and toxic, and they pose a risk 
to both humans and ecosystem. Exposures to Hg, e.g. breathing Hg-contaminated air, 
eating Hg-contaminated food products (especially fish), eating and touching Hg-
contaminated soil may result in devastating neurological damage, kidney damage, and 
even death (Tchounwou et al., 2003; WHO, 1976). Historic and recent industrial activities, 
including the mining of gold, silver and Hg itself, have caused Hg contamination of 
terrestrial and aquatic ecosystems (Porcella et al., 1996). Hg-contaminated soil is believed 
to contribute to human health risks and phytotoxicity of plants. Hg in contaminated soil 
may also enter aquatic ecosystems via leaking and cause Hg contamination of fish and 
animals that eat fish (Fig. 1). Therefore, the numerous Hg-contaminated sites that exist in 
the world have given rise to a great concern for remediation. 

Overview of Phytoremediation 
A few remediation techniques have been used in practice so far for removal of Hg from 
contaminated soil, e.g. washing soil with halogenated substances and heating soil to more 
than 600°C (Hempel and Thoeming, 1999). However, these techniques are relatively 
expensive and cause further disturbance to the already damaged environment. 
Phytoremediation, i.e. using plants to remove pollutants from the environment or to render 
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them harmless, is considered as a promising, cost-effective, and environment-friendly 
technology to clean up the contaminated environment (Cunningham and Berti, 1993;  
Lasat, 2002; Raskin et al., 1994; Salt et al., 1998). This has led to growing interest in 
phytoremediation from governments, organizations, and industries. The world 
phytoremediation market was estimated at $55–$103 million dollars in 2000, reaching 
$214–$370 million in 2005 (D. Glass Associates Inc., 1999). 

Advantages and disadvantages of phytoremediation  
Macek et al. (2000) gave a comprehensive review of the advantages and disadvantages of 
phytoremediation. The main advantages of phytoremediation are:  

• Low operating costs  
• Far less disruptive to the environment  
• In situ application avoids excavation.  
• Large-scale clean-up operations  
• A relatively easy process with available equipment and supplies generally used in 

agriculture  
• High probability of public acceptance  

Like any other method of environmental remediation, phytoremediation has its 
disadvantages:  

• Slower than some other alternatives to restore an area 
• Limit of the climatic and geological conditions of the contaminated site, e.g. 

temperature, altitude, soil type, and accessibility to agricultural equipment 
• Biological methods are not capable of 100% reduction of contaminants 
• Formation of vegetation may be limited by extremes of environmental toxicity 
• Need to take care of the accumulators after remediation to avoid reemission 

Processes and technologies of phytoremediation of heavy metals 
There are a number of different types of phytoremediation processes, which can be applied 
to both organic and inorganic pollutants present in soil, water and air (Cunningham and 
Ow, 1996; Cunningham et al., 1995; Raskin et al., 1997; Salt et al., 1995, 1998). Five of 
them are relevant to the phytoremediation of Hg, which is one of the most difficult heavy 
metals to be removed by means of phytoremediation. These five subsets of 
phytoremediation are termed as phytoextraction, phytovolatilization, phytostabilization, 
rhizofiltration, and foliage filtration. 

• Phytoextraction is the use of pollutant-accumulating plants to remove metals from 
soil by concentrating them in the harvestable parts (Salt et al., 1995). In phytoextrac-
tion, metal-tolerant plants with high metal accumulation, high translocation of metal 
into the shoots and high biomass production are used. To avoid contamination of air, 
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plants used should not release large amounts of Hg into the atmosphere. Interest in 
phytoextraction has grown significantly following the identification of metal 
hyperaccumulator plants (Lasat, 2002). Hyperaccumulators are the species capable 
of accumulating metals at levels 100-fold greater than those typically measured in 
shoots of common nonaccumulator plants (McGrath and Zhao, 2003). More than 
400 plant species have been identified as natural metal hyperaccumulators, e.g. 
Thlaspi spp. could accumulate up to 31000 µg g-1DW of Ni and 43710 µg g-1DW of 
Zn, however, no Hg hyperaccumulators were found (Reeves and Baker, 2000).  

• Phytovolatilization involves the use of plants to take up pollutants from soil, 
transforming them into volatile forms and transpiring them into the atmosphere. 
Transgenic plants expressing genes merA and merB could convert hazardous 
methyl-Hg and ionic Hg to the less toxic volatile elemental Hg, which is released to 
the air (Bizily et al., 1999, 2000; Rugh et al., 1996, 1998). However, the Hg released 
into the atmosphere is likely to be recycled and deposited back into lakes and 
oceans, repeating the production of methyl-Hg via bacterial methylation. Therefore, 
phytovolatilization of Hg is not recommended.  

• Phytostabilization is the use of plant roots to reduce the mobility or bioavailability of 
pollutants in the environment (Pulford and Watson, 2003). The plants used for 
phytostabilization should have efficient root-accumulation of metals, low 
translocation of metals to the shoots, and large root system. The potential use of 
trees, especially willow, for phytostabilization of heavy metal-contaminated land has 
received increasing attention over the last 10 years (Pulford and Watson, 2003).  

• Rhizofiltration is the use of plant roots to absorb, concentrate, and precipitate heavy 
metals from water and aqueous waste streams (Ensley, 2000). 

• Foliage filtration is the use of plants to remove pollutants from air by uptake via the 
leaves.  

All  the phytoremediation processes mentioned above require that the plants used are 
able to tolerate Hg. Moreover, the phytoremediation process that can be applied in practice 
is determined by the ability of plants in accumulating, translocating, and volatilizing Hg.  

Plant interaction with Hg 
Plants are capable of extracting a variety of metal ions from their growth substrates, 

including Hg. Many studies have showed that plant roots accumulate Hg when they were 
exposed to Hg-contaminated soils (Bersenyi et al., 1999; Coquery and Welbourn, 1994; 
Lenka et al., 1992; Kalac and Svoboda, 2000; Ribeyre and Boudou, 1994). Laboratory 
studies showed that plant roots absorbed Hg from solution and roots accumulated much 
greater amount of Hg than shoots (Beauford et al., 1977; Cavallini et al., 1999; Godbold 
and Hütterman, 1988). Both field and laboratory studies have demonstrated that plants 
accumulate more Hg when it is introduced in organic form than in inorganic form 
(Godbold, 1991; Godbold and Hütterman, 1988; Ribeyre and Boudou, 1994). 
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Leaves can absorb gaseous Hg via stomata, which has been shown in previous 
laboratory studies (Browne and Fang, 1978; Cavallini et al., 1999; Du and Fang, 1982, 
1983). Du and Fang (1982) reported that uptake of Hg0 by the leaf increased with 
increasing Hg vapour concentration, temperature, and illumination. Leaves can also absorb 
Hg after deposition of particulate Hg on the leaf surface (de Temmerman et al., 1986; 
Fernández et al., 2000) and release gaseous Hg into the atmosphere (Siegel et al., 1974; 
Kozuchowski and Johnson, 1978). Furthermore, Hanson et al. (1995) reported that at low 
external Hg concentrations in the air, the release of Hg from leaf to air was higher than the 
leaf Hg absorption from the air in the tree species Picea abies L. Liriodendron tulipifera 
L., Quercus alba L., and Acer rubrum L.. Similar results were also found by Ericksen and 
Gustin (2004). This evidence suggests that foliage can manage both uptake and 
volatilization of gaseous Hg.  

All physiological and biochemical processes in plants may be negatively affected by 
Hg when plants are exposed to Hg-contaminated soil, water or air (Patra and Sharma, 
2000). Elemental Hg (Hg0) does not react with most biomolecules unless first oxidized to 
Hg2+, and this may be catalytically driven by peroxidase or catalase (Du and Fang, 1983; 
Ogata and Aikoh, 1984). Hg cations have a high affinity for sulphydryl (-SH). Because 
almost all proteins contain sulphydryl groups or disulphide bridges (-S-S-), Hg can disturb 
almost any function in which proteins are involved in plants (Clarkson, 1972). Organic Hg 
is 1–2 orders of magnitude more toxic to some eukaryotes and is more likely to 
biomagnify across trophic levels than ionic Hg (Hg2+) (Liu et al., 1992; Bizily et al., 2000). 

The biophysical behaviour of organic Hg is thought to be due to its hydrophobicity and 
efficient membrane permeability (Braeckman et al., 1998). Hg compounds can also bind to 
RNA, several synthetic polyribosomes, and DNA (Katz and Santilli, 1962; Kawade, 1963; 
Cavallini et al., 1999). Hg is known to affect photosynthesis, mineral nutrient uptake, and 
transpiration (Barber et al., 1973; Godbold, 1991, 1994; Godbold and Hütterman, 1988; 
Patra and Sharma, 2000). Plants can generally sequester toxic ions in complexes at the 
cytoplasm to defend against their phytotoxicity. Glutathione (GSH)-related phytochelatins 
(PCs) with the general structure (γ Glu-Cys)nGly (n=2-11) are the most dominant 
molecules found so far to sequester the metal ions in cytoplasm and then transport them to 
vacuoles (Rajesh et al., 1996; Zenk, 1996). Rajesh et al. (1996) reported that the strength 
of Hg(II) binding to glutathione and phytochelatins ranked in order as follows: γ Glu-Cys-
Gly < (γ Glu-Cys)2Gly < (γ Glu-Cys)3Gly < (γ Glu-Cys)4Gly. Suhadra et al. (1993) found 
that, compared with normal seedlings, those from Hg-treated seeds exhibited a larger 
amount of nonprotein SH, indicating the possible involvement of phytochelatins in the Hg-
reduced adaptive response. Organic acids (e.g. citrate) and amino acids (e.g. histidine) 
existing in cytoplasm may also complex metal ions and reduce their toxicities to plants 
(McGrath and Zhao, 2003).  

Although quite a few reports, as mentioned above, have involved Hg toxicity, 
tolerance, uptake and release of plants, systematic study in view of the potential 
application of plants in phytoremediation is far from sufficient. 
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Aim of the present study 

The aim of this thesis was to study the fate of Hg in terrestrial plants and the effect of 
plants on Hg geochemistry in contaminated soil and, thus to clarify the potential use of 
plants for phytoremediation of Hg. This aim was achieved by fulfilling the following 
objectives:  

 To compare the ability of various plant species to take up and release Hg to the 
atmosphere via the leaves. The release of Hg into air by plants is a concern when 
using phytoremediation in practice (Paper I).  

 To determine whether willow is tolerant to Hg, and if it accumulates and 
translocates large quantities of Hg to the shoots. It was hypothesised that willow 
clones with high tolerance, accumulation, and translocation of Hg to the shoots 
could be selected for future phytoextraction experiments (Paper II). 

 To compare the accumulation and distribution of Hg in willow after exposure to 
methyl-Hg and inorganic Hg. Moreover, to investigate the possibility of 
methylation inside the willow plant. The methyl-Hg present in the environment is 
a most critical concern regarding human health.  

 To investigate i) if a Hg-tolerant willow clone is able to accumulate and 
translocate large quantities of Hg to the shoots from a Hg-contaminated soil, ii) if 
the plant accumulation correlate to the Hg extracted by various chemical 
extractants, and iii) if willow is able to modify the chemical forms of Hg in the 
soil (Paper III). 

 To find out whether iodide can increase the bioavailability of Hg in soil and, 
therefore enhance the phytoextraction of Hg-contaminated soil with willows by 
investigating i) sensitivity of willow to iodide, ii) whether the plant can efficiently 
accumulate Hg along with iodide in hydroponics, iii) whether iodide addition 
increase the accumulation of Hg from contaminated soil, and iv) whether iodide 
addition increases translocation of Hg to the shoots (Paper IV). The proposed low 
bioavailability of Hg in contaminated soil is a restricting factor in phytoextraction 
of Hg. 
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Comments on materials and methods 

Plant materials 
Willow (Salix spp.) was chosen to study the Hg fate in plants as well as the 
phytoremediation of Hg-contaminated soil in this thesis. As various clones of Salix 
viminalis showed different capacities in accumulation, tolerance and translocation of Zn, 
Cd and Cu (Greger and Landberg, 1999), it was hypothesised that this might also be the 
case for Hg. Moreover, willow has a large root system, which is capable of high hydraulic 
pumping pressures. Some willow clones have high biomass production, which can 
produce 70 tons of stem per 3-year rotation under favourable conditions (Labrecque and 
Teodorescu, 2003), and they are currently being used for bioenergy production in Sweden. 
It was hypothesised that high-biomass-producing willow clones with high tolerance, 
accumulation, and translocation of Hg to the shoots could be selected for phytoextraction, 
whereas those with high tolerance and root-accumulation of Hg, and low translocation of 
Hg to the shoots could be used for phytostabilization. Moreover, those willow clones with 
low translocation of Hg to the shoots could be recommended to use for bioenergy 
production, which in turn would reduce the Hg emission during combustion of the shoots.  

The other plant species, i.e., garden pea (Pisum sativum L. cv Faenomen), spring wheat 
(Triticum aestivum L. cv Dragon), sugar beet (Beta vulgaris L. cv Monohill), oil-seed rape 
(Brassica napus L. cv Paroll) and white clover (Trifolium repens L.) were used to compare 
the ability of various plant species in taking up and releasing Hg to the atmosphere via the 
leaves. They are all crops growing as monocultures in large fields in Sweden. 
Consequently, if they release Hg their contribution to the atmospheric Hg pool may be 
significant.  

Plant chamber systems and Hg traps 
A set of plant-chamber systems was established to study the Hg accumulation and the 
translocation of Hg to the shoots in hydroponics. Hg can easily volatilize from solution 
into air (Paper IV) and leaves can absorb gaseous Hg (Du and Fang, 1982; Wang and 
Greger, unpublished). A transpiration chamber system (Fig. 4) was constructed to evaluate 
the Hg accumulation, translocation and volatilization via leaves, which efficiently 
prevented leakage of air into the upper cylinder from the chamber below (Paper I). 
Another plant-chamber system with a gaseous Hg generator (i.e. a tube system with a drop 
of metallic Hg inside) was used to study uptake of Hg via the shoot (Fig. 5; Wang and 
Greger, unpublished). 

Hopcalite traps (granules of Cu and Mn oxides) and gold traps were used to analyse Hg 
concentration in air (Paper I; Wang and Greger, unpublished). The Hopcalite trap, with a 
high concentration working range (µg level), can analyse high Hg-contaminated air, 
whereas the gold trap, with a much lower detection limit (pg level), was used to analyse 
low Hg-contaminated air. 
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Fig. 4 The transpiration chamber (design II) used to study the volatilization of Hg from shoots 
(Paper I). 
 
 
 

 
Fig. 5 The plant-chamber system used to study uptake of Hg from air via shoots (Wang and 
Greger, unpublished). 
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Weibull function 
To evaluate the differences in Hg tolerance among willow clones, a modified Weibull 
model (Taylor et al., 1991) was used in Paper II to compare the dose-response curves. The 
modified Weibull function has been shown to be an excellent tool to compare dose-
response curves and estimate some important parameters such as the empirical toxicity 
threshold (TT95b), the maximum unit toxicity (UTmax) and EC50. TT95b

 is the concentration 
of Hg where growth is reduced by 5%, EC50 is the concentration of Hg where growth was 
reduced by 50% and UTmax indicates the value of the maximum slope of the dose-response 
curves (Fig. 6). Generally, a plant with higher values of TT95b and EC50 and a low value of 
UTmax means it is less sensitive to Hg than the plants with lower values of TT95b and EC50 
and a higher value of UTmax.  

 
Fig. 6 Illustration of the empirical toxicity threshold (TT95b), the maximum unit toxicity 
(UTmax) and EC50 in a dose-response curve. The growth of the shoot decreases with increased 
Hg concentration in solution when roots were exposed to various concentrations of HgCl2. 
* dy/dx indicates the slope of the curve. 

Hg analyses 
All plant samples that were analyzed for total Hg content were wet-digested in 
HNO3:HClO4 (7:3,v/v) for 18 hours in a heating programme with the highest temperature 
set at 180°C (commonly 225°C for other metals). The lower temperature was used to 
avoid the volatilization of Hg during digestion.  

The plant samples used for analyzing organomercury compounds in the Hg 
methylation study (Wang and Greger, unpublished; Wang et al., 2002) were extracted with 
a method by Ortiz et al. (2002). Samples were subsequently treated with different reagents 
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such as 1.5M KBr/1M CuSO4 in H2SO4 medium, 0.01 M NaS2O3 and 0.5M CuCl2 and 
finally, the organic species were extracted in dichloromethane.  

To evaluate the changes of various Hg soil fractions in soil induced by willow, a 
sequential soil extraction process according to Martin-Doimeadios et al. (2000) was used 
in Paper III. The sequential soil extraction method can provide a view of Hg associated 
with different soil components and gives much broader information on Hg states in soil 
than single soil extractions. 

The total Hg content in the solutions, extracts, and digests were analyzed by cold 
vapour atomic absorption spectrometry (CVAAS), except that in xylem sap, whereas 
methyl-Hg content was analysed by gas chromatography-pyrolyser-atomic fluorescence 
spectrometry (GC-pyrolyser-AFS).  

Xylem sap was obtained with a capillary glass tube from the shoot xylem with a high 
pressure of N2 (5 bar) that being given through the initial cutting. Because a low volume 
of xylem sap (1–5 µl) was achieved and its Hg concentration was not high enough, 
CVAAS could not be used to analyze the Hg concentration in the xylem sap. Therefore, 
electrothermal AAS in combination with a gold-trap was used to analyze Hg 
concentrations in the xylem sap. The measurements were carried out with a self-
constructed apparatus consisting of a sample vessel (quartz glass tube), a gold trap, and a 
quartz cell for measurement with AAS (Fig. 7). The liquid Hg sample was injected into the 
sample tube. While heating the sample tube over 800 ºC the Hg-compounds were 
converted to Hg0 by thermal reduction. Thereafter, Hg0 carried by N2 flow was trapped in 
the gold trap. Hg collected in the gold trap was then thermally desorbed (800 ºC) and 
analyzed with AAS. This technique was also used to analyze the Hg content in a small part 
of the root (Wang and Greger, unpublished).  

 

 

 
Fig. 7 Scheme of the Hg-pyrolysis apparatus (Wang and Greger, unpublished). 
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Results and discussion 

Hg accumulation and distribution in six terrestrial plant species 
Our studies show that the six investigated plant species (i.e. willow, garden pea, spring 
wheat, sugar beet, oil-seed rape and white clover) were able to accumulate Hg in 
hydroponics. About 208 to 407 µg (g DW)-1 of Hg were found in the roots after cultivation 
in 1 µM HgCl2 for 2 or 3 days (Paper I). Only a slight but not significant difference in Hg 
accumulation was observed between species. The lowest Hg concentration was found in 
roots of wheat (208 µg g DW-1), whereas the highest concentration was found in oil-seed 
rape (407 µg gDW-1) after the roots had been cultivated in 1 µM HgCl2 for 2 days. A 
negative correlation between root dry weight and Hg concentration was found among the 
investigated species (Paper I), which indicates that species differences in total root 
biomass may have affected Hg accumulation, i.e. a high biomass may cause lower Hg 
concentration due to dilution. Similar relationships have also been found for Cd 
concentration and biomass production in Scots pine in a previous study (Ekvall and 
Greger, 2003). 

Furthermore, all investigated plant species translocated Hg from roots to shoots when 
the roots were exposed to Hg. However, the translocation rates were low, i.e. only 0.2–
2.5% of the Hg accumulated by the roots was translocated to the shoots in the six 
investigated plant species, among which, pea had the highest translocation of Hg in the 
shoots and clover had the lowest. This result is consistent with previous studies on Pisum 
sativum L., Mentha spicata L., and Picea abies (L.) Karst (Beauford et al., 1977; Godbold 
and Hütterman, 1988). The low translocation of Hg to the shoots is probably due to the 
high affinity of roots for Hg. The Hg trapped in the roots was mainly bound to root cell 
walls, about 80% of accumulated Hg was bound in the cell wall of the willow roots (Paper 
II). 

Hg accumulation and distribution in eight willow clones 
There was no difference detected in Hg accumulation and translocation of Hg to the shoots 
among the eight willow clones after being cultivated in 0.5 µM HgCl2 for 3 days (Paper 
II). This result was not in line with previous studies on some other heavy metals by Greger 
and Landberg (1999) and Greger et al. (2001), who have reported a distinct variation in 
accumulation and translocation of Zn, Cd and Cu among various willow clones. Willow 
roots efficiently accumulate Hg in hydroponics, the Hg concentrations of roots ranged 
from 216 to 274 µg (g DW)-1, and only 0.45 to 0.62% of the total Hg accumulated via 
roots was translocated to the shoots in the eight investigated willow clones after 3 days of 
cultivation in 0.5 µM HgCl2 (Paper II). These translocation rates were lower compared 
with those of some other heavy metals (Greger and Landberg, 1999). 
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Accumulation and distribution of various Hg species in willow  

Willow clone Björn was used in this study. The short-term Hg-accumulation study (Paper 
IV; Wang and Greger, unpublished) showed that Hg accumulation in the roots of willow 
decreased according to its species in following order: CH3HgCl > HgCl2 ≈ Hg(NO3)2 > 
HgI2 (Fig. 8). Differences were found in the effective Hg accumulation between CH3HgCl 
and the other three Hg species after 3 days cultivation (Table 2). Plants could accumulate 
more methyl-Hg than inorganic Hg, which has also been shown in previous studies 
(Godbold, 1991; Godbold and Hütterman, 1988; Ribeyre and Boudou, 1994). Because Hg 
mainly forms stable complex, i.e. HgI4

2- with a stability constant of 29.8 in HgI2 solution 
(Wasay et al., 1995), willow roots accumulated Hg from HgI2 solution slower than from 
Hg(NO3)2 solution (Fig. 8; Paper IV). However, the effective Hg accumulation from HgI2 
solution (i.e. 66.9%) was similar to that from Hg(NO3)2 (i.e. 65.0%) after 3 days of 
cultivation (Paper IV). Because both the root accumulation and the bacterial volatilization 
of Hg were faster in Hg(NO3)2 than in HgI2 solution (Fig. 8; Paper IV), the decrease of Hg 
concentration was faster in Hg(NO3)2 solution than that in HgI2 solution. After 3 days of 
cultivation, there was only 5% of the total Hg left in the Hg(NO3)2 solution, whereas 26% 
was left in the HgI2 solution (Paper IV). As shown above, both the faster reduction of Hg 
accumulation rate and the faster loss of Hg by the bacterial volatilization in Hg(NO3)2 
solution may explain why the effective Hg accumulation from Hg(NO3)2 solution was 
similar to that from HgI2 solution (Paper IV). 

 

 
Table 2 Accumulation and distribution of Hg in willow after being cultivated in 800 ml 
nutrient solution with 1 µM CH3HgCl, HgCl2, Hg(NO3)2, and HgI2, respectively, for 3 days. 
n=3, ± SE (data from Paper IV and from Wang and Greger (unpublished))  

Treatments 
Effective Hg 
accumulation  

%  

Distribution 
to the shoot  

%  

Hg in Leaves
µg (g DW)-1 

Hg in branches
µg (g DW)-1 

Hg in roots 
µg (g DW)-1 

Hg in xylem 
sap † 
µM 

No Hg — — 0.05±0.01 a 0.05±0.01 a 0.23±0.07 a — 

CH3HgCl 79.2±7.7 a 0.47±0.05 a 0.58±0.04 b 1.03±0.05 c * 966.20±76.71 c 0.12±0.04 a 

HgCl2 62.1±2.4 b 0.49±0.02 a 0.68±0.04 b * 0.48±0.02 b 515.66±35.50 b 0.10±0.04 a 

Hg(NO3)2 65.0±2.8 b 0.48±0.03 a 0.76±0.09 b * 0.53±0.04 b 464.01±38.62 b — 

HgI2 66.9±3.7 b 0.46±0.02 a 0.61±0.07 b 0.56±0.10 b 398.12±42.80 b — 

a,b,c Different letters in each column denote significant difference at p ≤ 0.05. 
* Significant difference between leaves and branches at p ≤ 0.05.  
† Xylem sap was collected by using capillary glass tube after plants being treated with Hg for 12 h. 
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Fig. 8 Accumulation of Hg in willow roots during the cultivation of plants in 1 µM CH3HgCl, 
HgCl2, Hg(NO3)2, and HgI2, respectively, for 4 h. The Hg solution was changed every 30 min. 
The Hg accumulation rate is shown as the slope of the line between the two harvest times. n=3, 
± SE (data from Paper IV and from Wang and Greger (unpublished)). 
 
 

Willow could efficiently accumulate Hg from the solutions of various Hg species, i.e. 
more than 60% of Hg added in all solutions was accumulated by the plants during 3 days 
(Table 2). However, no differences in translocation of Hg to the shoots were found among 
the investigated Hg species (Table 2). Nonetheless, the distribution patterns of Hg in the 
shoots were found to be variable among the four investigated Hg species. Hg 
concentration in the branches was higher than that in the leaves of plants that had been 
cultivated in CH3HgCl solution for 3 days, whereas it was the opposite in the cases of 
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HgCl2 or Hg(NO3)2. An explanation for these differences is that methyl-Hg might cross 
the plasma membrane easier and therefore it can be loaded more to the surrounding cells 
of xylem vessels and the wall of vessels (probably especially to the lignin) during the 
translocation from roots to leaves. Methyl-Hg has been shown in previous studies to more 
easily cross the plasma membrane than inorganic Hg (Braeckman et al., 1998).  

According to our studies and the literature, all previously investigated plants have low 
translocation of Hg to the shoots (Table 2; Papers I–IV; Beauford et al., 1977; Godbold 
and Hütterman, 1988). It seems that the majority of the total accumulated Hg is trapped in 
the roots and that only a minor amount can be translocated to the shoots. Ion uptake 
mainly occurred at the root tip, prior to the formation of the Casparian band (Fig. 9), 
which is a zone allowing apoplasmic transport of heavy metals into the stele (Marschner, 
1995). The Casparian band, i.e. hydrophobic incrustations (suberin) in the radial and 
transverse walls of the endodermis, constitutes an effective barrier against passive 
movement of heavy metals into the stele, thus influencing metal accumulation (Fig. 9-c; 
Lux et al., 2004; MacFarlane and Burchett, 2000). When the whole wall of the endodermis 
cell is deposited with suberin lamellae, only a symplastic transport of ions from cortex 
cells enables ions to enter the stele (Fig. 9-b). The distance between formation of suberin 
lamellae and the root tip influences the translocation of metals, e.g. Cd, to the shoots (Lux 
et al., 2004). Our studies showed that accumulation of Hg from either HgCl2 or CH3HgCl 
solution was higher at the root tip of willow prior to formation of the Casparian band than 
after formation, when a whole root had been cultivated in Hg solution for 4 hours (Fig. 
10). However, only trace concentrations of Hg were found in the part of the root with the 
Casparian band, i.e. less than 1% of the Hg concentration in the root tip, when only the 
root tip was treated with either HgCl2 or CH3HgCl solution (Fig. 10). This indicated that 
only a minor amount of the Hg accumulated in the root tip was translocated to the rest of 
the root. It seems that most of the Hg accumulated from the Hg solutions was trapped in 
epidermis and cortex, and mainly absorbed by their cell walls when passing across the 
cortex to the stele. Consequently, the Hg concentration found in xylem saps was low, i.e. 
0.12µM and 0.10µM, respectively, in terms of CH3HgCl and HgCl2 (Table 2; Wang and 
Greger, unpublished), which was much less than the original Hg concentration in the given 
solution (i.e. 1 µM).  
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Fig. 9 Illustration of the Casparian band in root tip of willow. a) Diagram of longitudinal section of 
a root tip (adapted from Esau (1953)); b) The diagram represents only a symplastic transport of ions 
from cortex cells to stele when the endodermis cell wall is deposited with suberin lamellae (adapted 
from Mauseth (1988)); c) The diagram represents that the Casparian band is a barrier of apoplastic 
movements of water and solutes from cortex to stele (adapted from Mauseth (1988)); d) 
Fluorescence microscopic picture of a hand section of willow root stained with berberine, 
bar = 50 µm (Wang and Greger, unpublished). 

Stele Cortex 

 d 

Endodermis with 
Casparian band 
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Fig. 10 Distribution of Hg in willow roots after either the whole root or the root tip had been 
treated with 1 µM CH3HgCl and HgCl2, respectively, for 4 h. Willow roots used were 3-weeks 
old with the Casparian band starting at 3–10 mm above root tip. Willow nutrient solutions (NS) 
with or without Hg were dropped onto the roots at a flow rate of 3 ml min-1. * Relative Hg 
concentrations were calculated as Hg concentration (pg per 1.5-mm long root cutting) in 
different cutting positions in relation to that in cutting position 1. Background concentrations of 
Hg in roots cultivated without Hg were subtracted from concentrations in treated roots before 
the calculation. n=3, ± SE (Wang and Greger, unpublished). 
 

Screening of Hg accumulators in a Hg-contaminated site  
In order to find Hg accumulators, fifteen plant species were collected from a chlor-alkali 
plant area at Bohus site in the vicinity of Gothenburg (Sweden) with Hg concentrations of 
3.6–50.0 µg g-1DW in soil. Hg concentration in shoots ranged from 0.09 to 1.84 µg g-1DW 
(Table 3). Western thistle (Cirsium arvense) was found to have the highest Hg 
concentration in both shoots and roots among 15 investigated plant species. This plant 
specie was then used to compare the Hg accumulation with willow in a field trial. As a 
result, the Hg concentration in the shoots of western thistle was found to be higher than 
that of willow, whereas Hg concentration in the roots was lower (Table 4). However, these 
differences were not large.  
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Table 3 Screening of plant species in Hg accumulation from a Hg-contaminated site in the 
vicinity of a chlor-alkali plant in June, 2002  

Hg in plants, µg (g DW)-1  

Plants 
Shoots Roots 

Hg in soil  
µg (g DW)-1 

Cirsium arvense 1.84  6.4   30.3 a 

Populus tremula 0.88 1.98  22.5 a 

Plantaginaceae spp. 0.86 —  50.0 b 

Plantago major 0.78 1.78  14.9 a 
Calamagrostis arrundinacea 0.75 2.23  50.0 b 

Rumex spp. 0.72 —  16.4 b 
Chamomoilla suvaveolens 0.65 —  10.6 b 
Trifolium. medium 0.46 —  16.4 b 

Potentilla anserina 0.41 —  10.6 b 
Epilobium angustifolium 0.34 0.98  16.4 b 
Aegopodium podagraria 0.24 —  3.2 b 
Salix cinerea 0.26 —  3.2 b 
Betulaceae pendula 0.24 —  16.4 b 
Vicia cracca 0.22 —  16.4 b 
Equisetum arvense 0.09 0.21  3.62 a 

a The Hg concentration in the soil attached to the roots;  
b The average of the Hg concentration in the soil of 2–3 samples from the sampling location.  
 
Table 4 Mercury concentration in soil near roots and accumulation of Hg in plants after being 
cultivated in aged Hg-contaminated soil in the vicinity of a chlor-alkali plant for one growing 
season. The initial Hg concentration in the soil was 23.2 ±0.7 µg (g DW)-1. n=3, ± SE  

Hg in plants, µg (g DW)-1 

Plants 
Shoots Roots 

Hg in soil near roots 
µg (g DW)-1 

Willow 0.72±0.12 4.20±0.44  23.3±0.9  

Western Thistle 1.02±0.09 * 2.51±0.31 *   22.2±2.1 

* Significant difference between plant species at p ≤ 0.05. 
  

The Hg concentration in the roots of willow in the field trial was much lower than that 
in hydroponics, although the Hg concentration in soil was much higher (Tables 2, 4). 
Similar results were found in the pot experiment (Paper III), which was supposed to be due 
to the low bioavailability of Hg in soil. However, relatively higher Hg content in the 
shoots was found in field trials (Table 4; Paper IV), which was apparently not due to the 
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translocation of Hg from root accumulation but the leaf uptake of Hg from air. As the air 
Hg concentration at the site measured was up to around 250 ng m-3 (Wängberg et al., 
2003), the willow leaf could absorb Hg from Hg-contaminated air and contribute to the Hg 
content in the shoot (Fig. 11). 

Hg exchange between plants and air 
Willow leaves were able to absorb gaseous Hg from air. The concentration of Hg in leaves 
increased with increasing exposure time to Hg-contaminated air (Fig. 11). Similarly, 
Barghigiani and Bauleo (1992) investigated Abies alba grown near a mining area and found 
that the Hg content in needles increased with age. The average rate of the Hg uptake in 
willow leaves was found to be 0.45 µg Hg (g dw)-1d-1 in a 12-day period when shoots were 
exposed to 7.2 µg m-3 Hg-contaminated air (Fig. 11). Moreover, uptake of Hg0 by the leaf 
was found to increase with increasing Hg vapour concentration (Wang and Greger, 
unpublished). Hg was also detected in the branches, which is thought to be due to the 
translocation of Hg from leaf uptake or direct absorption of Hg by the surface of branches 
from air. About 8% of the total Hg that passed though the chamber was absorbed by the 
shoots. The Hg concentration in the roots was also analyzed, however, no significant 
difference was found between Hg treated and control. This is probably due to a negligible 
translocation of Hg from shoots to roots.  

 
Fig. 11 The content of Hg in willow leaves and branches when the shoots were exposed to 
gaseous Hg in a plant chamber. The airflow (45 L h-1) passed through a tube system with a 
drop of metallic Hg into the plant chamber (Fig. 5). The Hg concentration in the passing air 
before entering the plant chamber was measured as 7.2 µg m-3. Plant samples were collected 
after 1, 3, 6 and 12 days. ± SE, n=3 (Wang and Greger, unpublished). 
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Leaves can absorb gaseous Hg via stomata, which has been shown in previous 
laboratory studies (Browne and Fang, 1978; Du and Fang, 1982; Cavallini et al., 1999). 
When gaseous Hg (mainly Hg0) enters into cells of leaves it may be catalytically oxidized 
to Hg2+ by peroxidase or catalase and, thus bind to biomolecules (Du and Fang, 1983; 
Ogata and Aikoh, 1984). On the other hand, Hg0 may also be abiotically oxidized to Hg2+ 
in the air (Lindberg and Stratton, 1998) and thereafter bind to negative charges in the 
surfaces of leaves or branches.  

Whether leaves can release gaseous Hg into the atmosphere or not is an important 
factor in the use of plants for phytoremediation of Hg, because contamination of the air has 
to be taken into account. By using a transpiration-chamber system, no Hg was found to be 
released from shoots into the air in any of the investigated plant species, i.e. garden pea, 
spring wheat, sugar beet, oil-seed rape, white clover and willow, after their roots had been 
cultivated in 1 µM HgCl2 for 2, 3 and 4 days, respectively (Paper I). Moreover, the same 
results were obtained when willow was cultivated in solutions with 1 µM of the Hg 
species, i.e. CH3HgCl, HgNO3 or HgI2 (Wang and Greger, unpublished). These results 
neither corroborate with those of Kozuchowski and Johnson (1978), who found gaseous 
emissions of Hg from aquatic plants in nature, nor with those of Ericksen and Gustin 
(2004) and Hanson et al. (1995), who showed an exchange of Hg between leaf surfaces of 
trees and air. The different results may be due to variations between plant species in the 
property to release Hg. However, we suggest that the reason for these differences may be 
due to the experimental set-up. It is difficult to control the emission of Hg originating from 
bacterial activity in soil and water, because ionic Hg (Hg2+) is easily converted to 
elemental Hg (Hg0) by bacterial activity (Paper IV; Fox and Walsh, 1982; Schiering et al., 
1991; Wagner-Dobler et al., 2000). Therefore, the proposed Hg emitted from leaves might 
be released without passing the plants. Our two chamber designs showed that a middle part 
(Fig. 4) is needed to capture the gaseous Hg evaporated from the solution (Paper I). In the 
absence of the middle part, an increased amount of Hg was found in the Hopcalite trap, 
whereas in the presence of the middle part, no increased Hg level was found in the 
Hopcalite trap (Paper I). In addition, it is also very important to keep higher air pressure in 
the upper cylinder to prevent any possible leaking of air into the upper cylinder from the 
chamber below.  

In order to know whether Hg affected the transpiration stream or not, which in turn 
would decrease the translocation and release of Hg, water transpiration was measured. 
There was no effect of Hg detected on the transpiration of water or on stomata (Paper I). 
Therefore, Hg release could occur if the metal followed the transpiration stream to the 
shoots and directly evaporated from stomata. Our data showed that there was no Hg release 
from leaves into air, whereas in the case of willow the plant contained 90 µg Hg (Paper I). 
This apparently shows that Hg was trapped in the plant tissues and no Hg was released 
from stomata. However, such Hg-containing tissues might lose their physiological 
functions, die and become debris, and bacterial activities could then convert Hg2+ to Hg0 

that will eventually be emitted into air. Therefore, we can assume that a release of Hg may 
be found in a prolonged exposure of plants to Hg, however, not via stomata.  
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Sensitivity of willow to Hg 
Our test showed that Hg reduced the growth of roots and shoots of willow when it was 
cultivated in HgCl2 solutions (Paper II). A large variation in sensitivity to Hg was found 
among willow clones. The EC50 value of the six willow clones ranged from 0.28 to 1.55 
µM in terms of dry weight of shoot mass and from 0.29 to 1.95 µM in terms of dry weight 
of root mass (Table 5; Paper II). Toxicity threshold (TT95b) and maximum unit toxicity 
(UTmax) also showed large differences among the clones (Table 5). The variation in 
sensitivity among willow clones has been found to occur with some other metals as well 
(Landberg and Greger, 1996; Greger and Landberg, 1999; Greger et al., 2001). The values 
of Weibull parameters in terms of roots were shown to be different from those in terms of 
shoots (Table 5). Similar results were reported by Österås et al. (2000). This difference is 
supposed to be due to the differences in the affinity of Hg for key enzymes of 
physiological pathways and the tolerant mechanisms between roots and shoots (Tommy 
Landberg, pers. comm.). Among the six tested plants, clone 88-31-7 was the most 
sensitive according to TT95b, UTmax, and EC50 in both roots and shoots. The clone with 
highest tolerance, however, depended on which parameter was used. According to TT95b, 
clone Björn had the highest root tolerance while clone 88-11-4 had the highest shoot 
tolerance. However, according to UTmax or EC50, 88-11-4 had the highest root tolerance, 
and Björn had the highest shoot tolerance.  

Table 5 Interpretation of the differences in Hg toxicity among six willow clones using the 
modified Weibull frequency distribution to model dose responses to Hg † (n = 3, ±SE) (data 
from Paper II) 

Clone Part R2 TT95b‡ EC50‡ UTmax‡ 

   –––––––––µM––––––––– % 
shoot 0.99 0.22 1.55 36.0 Björn 
root 0.84 0.61 1.28 95.6 

shoot 0.79 0.21 1.44 38.9 Tora 
root 0.86 0.47 1.16 86.6 

shoot 0.97 0.40 1.04 89.9 88-11-4 
root 0.71 0.23 1.95 28.4 

shoot 0.95 0.09 0.95 60.9 Orm 
root 0.88 0.21 0.81 85.9 

shoot 0.91 0.37 0.93 104.6 78183 
root 0.84 0.33 1.01 82.0 

shoot 0.94 0.05 0.28 212.2 88-31-7 
root 0.79 0.02 0.29 206.5 

† Calculations are based on the dry weight of shoot and root mass. 
‡ The terms TT95b and EC50 indicate the HgCl2 concentration where growth was reduced by 5 and 50%, 
respectively, whereas UTmax is the maximum unit toxicity (% of growth response/µM). 
 

Our study showed that the transpiration of water in the plants decreased by 49% after 
willow had been treated with 1 µM CH3HgCl for 3 days, whereas it was not influenced in 
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the case of HgCl2 (Wang and Greger, unpublished). Previous studies have shown that 
methyl-Hg is more toxic to plants (Godbold, 1991, 1994; Godbold and Hütterman, 1988), 
which is thought to be because methyl-Hg was easier to pass the plasma membrane 
(Braeckman et al., 1998). Methyl-Hg is also much more toxic to human beings and 
animals (Liu et al., 1992), thus, the possible methylation present in plants might be a 
potential risk to the ecosystem when using plants for phytoremediation. However, our 
studies showed that no methyl-Hg was found in leaves, branches, or roots, after willow 
had been cultivated in 1 µM HgCl2 for 3 days under the detection limit of 2.5 µg kg-1 DW 
(Wang and Greger, unpublished).  

Toxic effects of gaseous Hg on leaves were also observed in Hg-contaminated air 
(Wang and Greger, unpublished), which was supposed to be due to Hg0 in the air being 
oxidized into Hg2+ biotically or abiotically and thus, reacting with biomolecules (Du and 
Fang, 1983; Ogata and Aikoh, 1984; Lindberg and Stratton, 1998). Our study showed that 
transpiration of water decreased by 61% and 85% after the shoots had been exposed to 186 
and 1329 µg m-3 Hg-contaminated air for 3 days, respectively (Wang and Greger, 
unpublished). We also found that the lower part of the leaves started to wilt after 3 days of 
exposure to 186 µg m-3 Hg-contaminated air and all leaves became dry and partly brown 
in 1329 µg Hg m-3.  

Plants may survive in heavy metal-contaminated environment by preventing metals 
from entering into the cytoplasm and because of the mechanism to detoxify the metals 
inside the cytoplasm. When metals are initially absorbed by the roots, parts of them are 
trapped in the cell wall, which reduces the amount of metals entering the cytoplasm. At 
this stage, Hg has a high affinity for negative charges of pectin substances, hemicellulose 
and cellulose. Our result showed that the cell wall is the major Hg binding component of 
plant tissue, i.e. about 80% of Hg located in roots was bound to the cell walls, which is 
similar to what has been reported for Pisum sativum L. and Mentha spicata L. by Beauford 
et al. (1977). Hg taken into the cytoplasm of the cells is generally attributable to the 
sequestration of toxic ions in complexes. Glutathione-related phytochelatins (Rajesh et al., 
1996; Zenk, 1996) are the most dominant molecules found so far to sequester metal ions. 
However, from our results there is no evidence that phytochelatins are responsible for Hg 
tolerance in willow, because no phytochelatins were detected in either sensitive or tolerant 
willow clones. This has also been found in the case of other heavy metals (Landberg and 
Greger, 2004). Another possible mechanism to detoxify Hg in plants is to release the 
accumulated Hg into the air. Expression of genes merA and merB, originating from 
bacteria, can detoxify Hg in transgenic plants, which convert hazardous methyl-Hg and 
Hg2+ to volatile elemental Hg (Hg0) which is then released to the air (Bizily et al., 1999, 
2000; Rugh et al., 1996). However, this is not the case for native plants, as our results 
showed that no release of Hg from the shoot to the air was found in any of the six 
investigated species (Paper I). Therefore, other mechanisms in the cytoplasm must be 
operative to explain the Hg tolerance in willow. 
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Phytoremediation of Hg 

Phytoextraction 
In phytoextraction, metal-tolerant plants with high metal accumulation and high biomass 
production are preferably used. Our results showed a large variation among the six clones 
of willow in their sensitivity to Hg (paper II). The tolerant clone Björn was used to study 
the phytoextraction of Hg both in pots with aged Hg-spiked soil or industrial Hg-
contaminated soil and in the field. Results showed that this willow clone could grow 
successfully without significant measurable toxic effects except with 1mM KI addition 
(Papers III and IV). The toxic effects found in the test with 1 mM KI addition was thought 
to be mainly due to the toxicity of iodide to the plants (Paper IV). It suggests that selected 
willow clones are able to tolerate Hg while being used for phytoextraction of such types of 
aged Hg-contaminated soil.  

A possible release of Hg into air by plants may contribute to air contamination when 
using phytoextraction in practice. However, our study showed that plant leaves do not 
release Hg into the air in any of the investigated plant species (Paper I). This suggests that 
there is no consequent increase of Hg burden in the atmosphere by phytoextraction.  

Willow roots accumulated Hg from aged industrial Hg-contaminated soil (Papers III, 
IV), as shown earlier for other plant species (Lenka et al., 1992). The plants used for 
phytoextraction must have an ability to efficiently accumulate metal via their roots. Our 
studies showed that willow roots efficiently accumulated Hg in hydroponics, where they 
could accumulate more than 300 µg Hg g-1DW from of 1 µM Hg(NO3)2 (200 µg Hg L-1) 
within 4 hours (Fig. 8) and reduce the Hg concentration in Hg(NO3)2 solution from initial 
1 µM to 0.05 µM after 3 days of cultivation. Moreover, willow could accumulate Hg by 
more than 1000 µg g-1DW in its roots without significant toxic effects (Paper II). 
However, Hg accumulation in willow grown in soil was much less efficient than that of 
willow grown in hydroponics (Papers II, III, and IV). Other plant species, e.g., western 
thistle with the highest Hg accumulation among plant species grown in Hg-contaminated 
soil at the Bohus site, accumulated similar low levels of Hg as willow (Table 4). The low 
accumulation of Hg in plants from soil was believed to be due to the low bioavailability of 
Hg in the soil. Indeed, the results of the sequential extraction showed that Hg in soil was 
mainly bound to residual organic matter (53%) and sulphides (43%), which remained 
stable during the cultivation of willow.  

The low bioavailability of Hg in contaminated soil is a restricting factor in 
phytoextraction of Hg. Compared with chelating agents, e.g. EDTA, iodide is more 
efficient in mobilizing Hg in soil, which mainly forms the soluble complex HgI4

2- with a 
stability constant of 29.8 (Wasay et al., 1995). However, too high iodide concentrations 
may be toxic to willow (Paper IV; Mackowiak and Grossl, 1999; Zhu et al., 2003). 
Therefore, the iodide concentrations used to increase the bioavailability should be 
tolerated by plants. Additions of up to 1 mM KI increased the Hg concentrations to about 
5, 3 and 8 times, respectively, in the leaves, branches and roots (Paper IV).  
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The plants used for phytoextraction should have high translocation of accumulated 
metals to an easily harvestable part of the plant, i.e. the shoot in the case of willow. 
However, both hydroponics and soil studies showed that willow had a low translocation of 
Hg to the shoots (Papers I–IV), and similar results were found in other plant species (Paper 
I; Beauford et al., 1977; Godbold and Hütterman, 1988). Moreover, although iodide 
addition could increase the amount of Hg extracted by plants from soil, it could not 
improve the low translocation of Hg from the roots to the shoots (Paper IV). The low 
translocation of Hg to plant shoots detected leads to a low efficiency of Hg removal from 
the contaminated soil if plant shoots alone are harvested. Hence, Hg-accumulating roots 
should also be harvested together with shoots, which is apparently not feasible in practice. 
Therefore, it might not be realistic to use this plant for phytoextraction of Hg in practice, 
even though iodide could enhance the phytoextraction efficiency.  

To estimate the time required to remove all Hg from a Hg-contaminated soil by using 
phytoextraction, model calculations were made based on the data from field trials and pot 
tests in Paper IV (Table 6). The calculations show that extremely long time is needed to 
clean up the Hg-contaminated soils if stem alone is harvested. Moreover, industrial Hg-
contaminated soil needs longer time to be cleaned up than Hg-spiked soil. This is due to 
the differences in bioavailability of Hg between the two kinds of soils. The soil used in the 
pot test was 1-year-old Hg-spiked agricultural soil and well homogenised with relatively 
higher Hg bioavailability than that of the aged-soil in the field trial. The soil for the field 
trial was polluted with Hg more than 30 years ago and was extremely heterogeneous. 
Furthermore, it probably contained large amount of sulphur, as sulphur was previously 
used by the company to produce sulphuric acids. The long ageing effect and the high 
concentrations of sulphur lead to the extremely low bioavailability of Hg in the soil, 
because the bioavailable Hg decreased with time by leaching, bacterial volatilization and 
formation of stable Hg complexes with the soil matrix, especially with sulphur.  

 
Table 6 Estimation of the time required to remove all Hg from two kinds of Hg-contaminated 
soils by phytoextraction, assuming that the metal taken up by plants is from the top 50 cm of soil  

Soil harvest Biomass production 
Kg(ha*yr)-1 § 

Hg in plant 
µg (g DW)-1 years 

stem 23000 0.46 23600 Industrial Hg-contaminated soil with 
50 mg Hg kg-1DW † root 16000 27.6 574 

stem 23000 0.70 15500 One-year-old Hg-spiked soil with 
50 mg Hg kg-1DW ‡ root 16000 274 57 

† Calculation is based on the data from field trial at the site of a chlor-alkali plant in the vicinity of 
Gothenburg (Sweden) with 0.5mM KI addition (Paper IV). 
‡ Calculation is based on the data from pot tests with 0.2mM KI addition (Paper IV). 
§ Biomass production of stem is based on the data from Labrecque and Teodorescu (2003). The root 
biomass was based on the root/stem biomass ratio in the hydroponics cultivation. 
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Phytostabilization 
In order to reduce the bioavailability or mobility of heavy metals, the plants used for 
phytostabilization preferably have efficient root-accumulation of available metals in the 
soil, low translocation of metals to the shoots, and a large root system. Willow roots could 
efficiently accumulate Hg in hydroponics and had high affinities for Hg (Table 2; Papers 
I–IV). Hg binds roots so hard that washing with 20 mM EDTA (30 min) only removed 
less than 2% of total Hg in roots (Wang and Greger, unpublished). Therefore, willow roots 
grown in Hg-contaminated soil were able to accumulate Hg and reduce its bioavailability 
in soil (Table 7; Paper III). The exchangeable Hg and the Hg bound to humic and fulvic 
acids decreased in the rhizospheric soil, whereas the plant accumulation of Hg increased 
with the cultivation time. The sum of the decrease of these two Hg fractions in soil after 76 
days of cultivation was approximately equal to the amount of the Hg accumulated in 
plants, which accounted for about 0.2 % of the total Hg in soil. Moreover, the low 
translocation of Hg to the shoots detected makes willow useful for phytostabilization of 
Hg-contaminated land, in which root systems trap the bioavailable Hg and reduce the 
leakage of Hg from contaminated soils (Fig. 12). However, the Hg-accumulated root 
tissues may die and become debris. Bacterial activities on debris of Hg-accumulated 
tissues need to be taken into account in long term cultivation. 

Table 7 Hg bioavailability in aged industrial Hg-contaminated soil assessed by 1M MgCl2 

extraction prior to and after cultivation of willow for 32 and 76 days. n = 3, ±SE (Data from 
Paper III)  

Treatment Hg bioavailability (µg kg-1 soil DW) 

Soil at start 46.1 ± 1.1 a 

Rhizospheric soil  

Day 32 31.3 ± 2.4 b 

Day 76 18.2 ± 1.5 c 

a,b,c Different letters in each column denote significant difference at α ≤ 0.05. 

 

Phytostabilization may also partly result from physical effects, as the vegetation cover 
can promote physical stabilization of a substrate, especially on sloping ground. Willow has 
a massive root system, which helps to bind the soil. In addition, transpiration of water by 
the willow reduces the overall flow of water down through the soil, thus, helping to reduce 
the amount of Hg that is transferred to ground- and surface waters (Fig. 12). 

Foliage filtration 
Our present study showed that willow leaves were able to continuously absorb Hg from 
air, and Hg concentrations in leaves and branches increased with prolonged exposure time 
(Fig. 11). Hence, on a global scale, vegetation may function as a foliage filtration of Hg in 
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the air. However, relatively few data have been published so far on air-vegetation 
exchange. The amount of Hg removed from the atmosphere by vegetation regionally or 
globally is virtually unknown.  

In consideration of food safety, uptake of Hg in vegetation from air contributes to part 
of the intake of Hg by humans. Furthermore, atmospheric deposition is considered to 
dominate the Hg input to most soils and lakes in the boreal forest zone, which causes Hg-
contamination of fish (Meili et al., 2003). Therefore, global efforts are needed to reduce 
the emission of Hg into the atmosphere. 

 

 
Fig. 12 Illustration of phytostabilization of Hg. 
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Conclusions  

It is apparent from this work that phytoextraction of Hg is promising and can be used 
without unwanted release of Hg via stomata. However, although the roots efficiently take 
up Hg from solution, the translocation to the shoots, i.e. the harvestable parts is low. The 
low bioavailability in soil is also a limiting factor for using this technique, and even 
though iodide can increase the bioavailability in soil and thus the uptake of Hg by plants, 
the phytoextraction capacity is not large enough for aged Hg-contaminated soils. We did 
not find any high Hg-accumulators among either the selected common cultivated plant 
species or plants growing naturally at the Hg-contaminated sites. Among the willow 
clones, known to commonly take up various levels of heavy metals, no difference in Hg 
accumulation and translocation was found. To the previous findings we can also add that 
none of the plant species was found to be suitable for phytoextraction. Therefore, it may 
be concluded that phytoextraction is not a realistic technique to remediate Hg-
contaminated soils. Nonetheless, as plant roots are able to efficiently take up Hg from the 
available Hg pool in soil and to accumulate Hg in roots, phytostabilization might be a 
promising approach to remediate aged Hg-contaminated soils. In this process, the massive 
plant root systems trap the bioavailable Hg and reduce the leakage of Hg from 
contaminated soil.  

 

Future perspectives 
Large variations in Hg sensitivity were found among the willow clones tested. However, 
the Hg tolerance mechanism still remains an open question, since PCs, the most dominant 
metal-tolerant molecules in plant, was not found in willow (Paper II; Landberg and 
Greger, 2004). Further investigations are needed to find out the mechanism leading to Hg 
tolerance in willow plants. 

Willow grown in Hg-contaminated soil decreased the Hg bioavailability (Paper III). 
This was conducted in our study with one type of soil during a 2.5-month period. 
Additional investigations are needed to reveal whether Hg phytostabilization is operative 
in long term cultivation as well as in various types of soils.  

As the low translocation of Hg to the shoots is a restricting factor for phytoextraction 
of Hg-contaminated soil, there is a need to search for plants with high translocation of Hg 
to the shoots. Increased translocation of Hg to the shoots by genetic modification might be 
an alternative option in Hg-phytoextraction.  
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